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Bisphenol A (BPA) is a synthetic organic compound used as raw material in many industrial products,
particularly epoxy resins and polycarbonate plastics. Due to its extensive applications, increasing con-
tamination in the environment and adverse effects on living organisms, BPA has been regarded as a pol-
lutant of emerging concern. In aquatic environments, it has been detected ubiquitously in concentrations
ranging from few ng L�1 to several lg L�1. BPA has been found toxic to a number of aquatic organisms
from diverse taxa at all trophic levels. In terms of photosynthetic organisms, a complex interplay occurs
between BPA and algae. BPA adversely affects algae by inhibiting several physiological and biochemical
processes; at the same time, algae potentially biodegrade and/or remediate the environmental BPA. In
this review article these complex interactions between algae and BPA are elaborated. The effects of
BPA on different parameters of algae including growth, light-harvesting pigments, photosynthesis, respi-
ration, morphology and macromolecules are discussed. Considering the reported EC50/IC50 values of BPA
for algae growth and following the criteria of the EU-Directive 93/67/EEC for classifying aquatic pollu-
tants, BPA can be classified as toxic and harmful to algae (having EC50 in the range of 1–10 and 10–
100 mg L�1). The oxidative stress caused by BPA resulting in lipids peroxidation of cellular membranes
is the most possible cause of BPA toxicity in algae. In addition, the abilities of different algae to remove
BPA by adsorption, accumulation and biodegradation are also compared and discussed. Algae remove BPA
from water mainly by biodegrading it with monohydroxy-BPA and BPA-glycosides as the most common
intermediates. Algae generally remove BPA more efficiently at low doses of BPA (lower than 1 mg L�1) but
increase in the concentration of BPA greatly reduces the biodegradation efficiency of algae. For an in-
depth understanding, the molecular responses of algae to BPA exposure are reviewed. This manuscript
provides comprehensive information on the subject matter that would be useful for both academia
and policy makers working in this domain.
� 2022 The Authors. Published by Elsevier B.V. on behalf of King Saud University. This is an open access

article under the CC BY-NC-ND license (http://creativecommons.org/licenses/by-nc-nd/4.0/).
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1. Introduction

Bisphenol A (BPA) [2,2-bis(4-hydroxyphenyl) propane] is a syn-
thetic organic compound consisted of two phenol rings connected
by methyl functional groups. It has many industrial applications,
particularly in the production of epoxy resins and polycarbonate
plastics (Björnsdotter et al., 2017; Chiu et al., 2018). About 27%
of epoxy-based resins and 71% of polycarbonate-based plastics
involve BPA as a raw material (Duan et al., 2019). Consequently,
BPA find its applications in a number of products like water pipes,
medical equipment, tubing, coating and packing materials, thermal
papers, electrical equipment, flame retardants, and numerous
other plastic-based products (Björnsdotter et al., 2017; Wang
et al., 2016a). Due to its wide-spread applications in different prod-
ucts, there has been a tremendous increase in BPA global produc-
tion with time that touched 5.2 million metric tons in 2008,
reached 8 million metric tons in 2016 and is estimated to reach
10.6 million metric tons by 2022 (Björnsdotter et al., 2017;
Experts, 2016).

The widespread use of BPA has resulted in its ultimate growing
discharges and accumulation into different compartments of the
environment including air, water, soil and even biota
(Michałowicz, 2014). Over the last two decades, a number of
papers or reports have been published around the globe on the
presence of BPA in environmental matrices like air, soil, river
water, sediment, ground water, raw leachate, waste landfill lea-
chate, raw sewage sludge, tape water, food materials and biological
samples (Björnsdotter et al., 2017; Huang et al., 2012; Kleywegt
et al., 2011; Lee and Peart, 2000; Michałowicz, 2014; Yamamoto
et al., 2001). Because of its extensive applications, consequent con-
tamination in the environment and toxicity to living organisms
(especially endocrine disruption), BPA has been regarded as a con-
taminant of emerging concern (Berhane et al., 2017). Due to
increasing concerns about its toxicity and frequent occurrence in
the environment, some countries have banned BPA for certain
specific applications as summarized by Björnsdotter et al. (2017)
and Zheng et al. (2019). Although the half-life of BPA in surface
water under aerobic conditions and at environmentally relevant
concentrations of 0.05 to 0.5 lg L�1 is reported to be very short
(3–6 days) (Kleĉka et al., 2001), it is still being found accumulated
in the bodies of freshwater and marine organisms (Corrales et al.,
2015). Aquatic organisms at different trophic levels like algae,
crustacean and fish have widely been reported to be adversely
affected upon exposure to BPA (Alexander et al., 1988; Belfroid
et al., 2002; Li et al., 2017; Li et al., 2018).

The toxicity of BPA to aquatic organisms is a well-established
fact now. It can be deleterious to aquatic organisms in doses as
low as below 1 lg L�1 (Oehlmann et al., 2005). BPA can cause cyto-
toxicity, genotoxicity, neurotoxicity, reproductive toxicity and
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endocrine disruption in the exposed organisms (Bonefeld-
Jørgensen et al., 2007; Li et al., 2016; Wang et al., 2017b; Wu
et al., 2017; Yang and Hong, 2012). The estrogenic effects of BPA
on aquatic organisms are of great concern. For example, Nucella
lapillus (sea snail) and Marisa cornuarietis (freshwater snail) were
turned in to superfemales with increased oocyte production and
enlarged accessory pallial sex glands when exposed to 1 lg L�1

of BPA (Oehlmann et al., 2005). At a concentration of 1.5 mg L�1,
BPA adversely affected the digestive, nervous, and reproductive
systems in Japanese medaka (Li et al., 2016). The toxic concentra-
tion may vary depending upon the taxon and species, but BPA tox-
icity has been confirmed in diverse groups of aquatic organisms
including algae, amphibians, annelids, crustaceans, fish, hydra,
mollusks, insects and rotifers as summarized by Guo et al. (2017a).

Algae and cyanobacteria are primary producers in aquatic food
chains and play a very important role in the overall functioning
and structure of both freshwater and marine ecosystems. They
are inevitably exposed to different pollutants, including BPA,
released in to the aquatic environments (Abdel-Hamid, 1996;
Ben Ouada et al., 2018a; Li et al., 2009; Zhang et al., 2014a). BPA
has been found toxic to algae inhibiting several physiological and
biochemical processes like cell growth, photosynthesis and light-
harvesting pigments in diverse groups of algae (Ben Ouada et al.,
2018b; Ji et al., 2014; Zhang et al., 2014a). These primary producers
also contribute to the cleaning and remediation of aquatic environ-
ments by removing certain pollutants like toxic metals, insecti-
cides, herbicides, and phenolic compounds from water (Doshi
et al., 2008; Jonsson et al., 2001; Kanekar et al., 2004; Rodríguez-
Bernaldo de Quirós et al., 2010; Tahira et al., 2019; Zhang et al.,
2011; El-Sheekh et al., 2012; Kanekar et al., 2004; Munoz et al.,
2003; Norvill et al., 2016; Sethunathan et al., 2004). Like many
other organic pollutants, algae potentially absorb, accumulate
and biodegrade the environmental BPA (Ben Ouada et al., 2018a;
Guo et al., 2017b; Hirooka et al., 2005; Ji et al., 2014; Li et al.,
2009). It shows that an interplay between algae and BPA occurs,
i.e., BPA adversely affects algae by causing toxicity while algae at
the same time biodegrade BPA (Fig. 1). Several studies with diverse
information have been published individually on both aspects of
this interplay between algae and BPA. Collecting, summarizing
and interpreting these diverse data in the form of a single compre-
hensive review article would be a good contribution to literature
that would facilitate researchers and policy makers working in this
field.

The main objectives of this study are (1) to briefly overview BPA
contamination in freshwater and marine environments; (2) to
summarize the adverse effects of BPA on various processes in dif-
ferent algae; and (3) to scrutinize BPA removal and biodegradation
potentials of different algae. The effects of BPA on different
parameters of algae like growth, light-harvesting pigments,



Fig. 1. Graphical presentation of the interplay between BPA and algae. BPA adversely affects different parameters in algae while algae remove BPA from the medium in
different ways. The increase in toxicity decreases degradation efficiency of algae, while degradation by algae reduces BPA concentration in the medium and hence its toxicity.
The lower figure presents that increase in BPA concentrations increases BPA toxicity and decreases removal efficiency of algae. At low concentrations of BPA, slight
stimulatory effects are depicted.
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photosynthesis, respiration, morphology and macromolecules
(proteins, lipids and carbohydrates) are discussed. The oxidative
stress caused by BPA in algae resulting in membranes lipids perox-
idation and algae responses to this oxidative stress by activating
antioxidant agents are elaborated. Furthermore, the ability of dif-
ferent algae to remove BPA by adsorption, accumulation and
biodegradation is also presented. Since physical and chemical attri-
butes of natural aquatic environments fluctuate spatio-temporally,
an attempt is made to explain how different environmental factors
influence the interactions between BPA and algae. This review pro-
vides comprehensive information on BPA and algae interactions
that will be helpful in understanding the fate of BPA and its inter-
actions with primary producers in aquatic environments. It will
also facilitate decision makers in planning future strategies for con-
trolling BPA pollution, and will be useful in selection of algal spe-
cies for remediation of BPA in wastewater treatment plants. This
review also identifies several research gaps that point the way to
new research directions.

2. BPA contamination and fate in aquatic environments

The occurrence of BPA is almost ubiquitous in aquatic environ-
ments as it has widely been reported in various water types includ-
ing freshwater, marine water, wastewater, ground water and
drinking water as well as in sediments from aquatic environments
across the world (Barnes et al., 2008; Boyd et al., 2004; Huang
et al., 2012; Makinwa and Uadia, 2015; Yamamoto et al., 2001;
Yamazaki et al., 2015). Many studies reported BPA presence in
3

varying concentrations in both fresh and marine environments
and data of some selected studies from different parts of the world
is summarized here as representative concentrations (Suppl
Table 1). An overview of the overall data on BPA contamination
in aquatic environments reveals that in majority of cases BPA in
both fresh and marine waters was found below 1 lg L�1 (Suppl
Table 1). However, in some cases comparatively higher contamina-
tion was found, as for example, in river and sea waters from Turkey
its concentrations were detected in the range of 4.62–29.92 lg L�1

(Ozhan and Kocaman, 2019). Similarly, water samples from sixteen
different rivers in Taiwan contained BPA in the range of 0.01–44.
65 lg L�1 (Lee et al., 2013). Usually, water resources near to indus-
trial and commercial cities contain higher levels of BPA (Huang
et al., 2012). BPA contamination was also reported in ground water.
U.S. Geological Survey in a report of 2000 placed BPA among the
top five most frequently occurred organic compounds in ground
water of the United States (Barnes et al., 2008). In comparison to
water, sediments were generally found with higher concentrations
of BPA (Suppl Table 1).

Sources of BPA contamination in aquatic environments include
both pre-consumer and post-consumer sources (Corrales et al.,
2015). Major sources of its contamination in aquatic environments
include manufacturing plants synthesizing BPA and using it as raw
materials, landfill sites, wastewaters and effluents, waste treat-
ment plants, and improper disposal of BPA-containing products
(Corrales et al., 2015; Li et al., 2017). BPA concentrations crossing
17,000 lg L�1 have been observed in hazardous waste landfill lea-
chates from Japan (Yamamoto et al., 2001). Untreated domestic
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and municipal sewage has also been related to migration of BPA-
based products in water bodies (Zheng et al., 2019). Waste efflu-
ents from industries using BPA as raw materials have been a major
cause of BPA pollution in water as they contains BPA even after
treatment (Yamamoto et al., 2001). Usually most of the BPA in
wastewater (nearly 90%) is removed in wastewater treatment
plant (WWTP), but still some of it remains there after treatment
(Dorn et al., 1987; Fuerhacker, 2003). A review by Corrales et al.
(2015) reveals that WWTPs across the globe contained BPA con-
centrations ranging from non-detectable to 370 lg L�1. Effluents
from sewage treatment plant have been regarded as a major source
of BPA contamination in Yunliang River in Nanjing, China (Zheng
et al., 2019). Similarly, urban wastes discharges from the city of
Seoul have resulted in increased BPA concentration in Han River
in South Korea. At upstream sites in this river BPA concentration
was found to be 4.6 ng L�1 which enhanced to 241 ng L�1 down-
stream after receiving effluents from metropolitan area of Seoul
(Yamazaki et al., 2015). BPA levels near wastewater plants and
landfills are usually reported high in water bodies, but degradation
and dilution result in lowering the level with increasing distance
from the source. Other possible sources of BPA contamination in
water are leaching from degradation of waste plastics and syn-
thetic leather, migration from PVC hoses used for drainage and
watering and leaching from epoxy-resin tanks (Yamamoto et al.,
2001).

After its release into the environment several biotic and abiotic
mechanisms disperse and degrade BPA. In water, it may be sub-
jected to biodegradation, photodegradation and adsorption to sus-
pended solids, but usually does not hydrolyze or volatilize (Li et al.,
2019; NCBI, 2020). Depending on the prevailing condition like pH,
turbidity and water turbulence, BPA half-life in water ranges from
66 h to 160 days (Im and Löffler, 2016). BPA, in aqueous media,
may undergo light induced transformation via photocatalysis or
photooxidation after absorption of radiation in the UV range or
interaction with hydroxyl radicals, respectively (Howard et al.,
1990; Peng et al., 2006). During photolysis, photons are absorbed
by the degrading chemical species which initiate its chemical
breakdown. The resulting intermediates of photolysis of BPA
include phenol, 4-isopropylphenol and a semi-quinone derivative
of BPA (Peng et al., 2006). Photooxidation causes BPA degradation
through naturally occurring reactive oxygen species (ROS) includ-
ing hydroxyl radicals (OH�), peroxide radicals (ROO�) and singlet
oxygen (O) produced by light irradiation (Peng et al., 2006;
Reddy et al., 2018). In the presence of certain chemical species like
nitrite and nitrate, solar radiations generate hydroxyl radicals from
water that cause transformation of BPA (Reddy et al., 2018). Sev-
eral efficient methods for removal of BPA and other contaminants
from aquatic environment are summarized in recently published
review articles (Zhang et al., 2021; Li et al., 2021; Yu et al. 2021;
Liang et al., 2021).

In addition to abiotic removal, BPA in natural water undergoes
biotic degradation as many different species of plants, algae, fungi,
and bacteria are capable of adsorbing, accumulating, transforming
and biodegrading BPA (Chang et al., 2014; Gulnaz and Dincer,
2009; Husain and Qayyum, 2013; Michałowicz, 2014; Xiao et al.,
2020). For example, bacteria of several different genera from vari-
ous compartments of the environment were reported to metabo-
lize BPA under aerobic conditions (Husain and Qayyum, 2013; Im
and Löffler, 2016). Bacterial degradation of BPA in water may fol-
low several different metabolic pathways with different routes,
but oxidative skeletal rearrangement giving 4-hydroxybenzoate
(HBA), 4-hydroxybenzaldehyde (HBAL), 4-hydroxycumyl alcohol
(HCA), 4-isopropenylphenol (IPP), 4-hydroxyacetophenone (HAP),
and hydroquinone (HQ) as intermediates is considered as the most
probable route (Im and Löffler, 2016). Similarly, fungi were found
to potentially degrade BPA by certain enzymes like lignin peroxi-
4

dases, manganese peroxidases, versatile peroxidases, and laccases
(Husain and Qayyum, 2013). Among these fungal enzymes, lac-
cases from different fungi were found to have high potential for
BPA degradation and transformation giving carboxylic derivatives
as degradation products (Bilal et al., 2019; Daâssi et al., 2016).
Algae also have an efficient role in the biodegradation of BPA in
aquatic environments, which is discussed later in this article.
3. Effect of BPA on algae

In laboratory studies, the effect of a given toxicant on living
organisms is generally assessed by determining the no observed
effect concentration (NOEC) and EC50/IC50 (as defined below) val-
ues for specific end points (e.g. cell growth) in the test organism
(Azizullah and Häder, 2018). NOEC is the highest tested concentra-
tion of a substance that does not cause any visible or observed
effect on the studied end point (e.g. growth) of the bioassay organ-
ism. EC50 or IC50 is the concentration of a substance which causes
50% of the observed effect or causes 50% of the inhibition. Some-
times effective concentration (EC) is also used in determining tox-
icity, which is considered as the lowest tested dose of a substance
that caused a significant effect. From the available literature, we
extracted EC and/or EC50/IC50 values of BPA, depending upon the
availability of data, for different parameters of algae and used these
indices in describing the impact of BPA on algae. Different bio-
chemical, morphological and physiological aspects like cell growth,
cell shape, photosynthesis, respiration, light-harvesting pigments
and other related parameters of algae were reported to be affected
by exposure to high concentration of BPA (Tables 2–5).
3.1. Effect of BPA on growth in algae

Growth of algae is one of the most important and most com-
monly used endpoints in ecotoxicological assessment of pollutants
in aquatic environments. Growth is given the prime importance
because it is comparatively easy to measure, and it reflects the ulti-
mate and net effect of a pollutant on algae. Though sometimes the
growth may show less sensitivity and may not be affected by doses
of a pollutant that causes notable changes in other physiologically
and ecologically important parameters of algae (Azizullah et al.,
2013; Ben Ouada et al., 2018b). Inhibition of growth by BPA has
been reported in many algal species of different classes and habi-
tats, and this effect varies greatly from algae to algae as revealed
from the reported EC and EC50/IC50 values (Table 1). Based on the
growth inhibition test, species like Ditylum brightwellii, Skele-
tonema costarum, Prorocentrum minimum, Selenastrum capricornu-
rum and Navicula incerta with EC50/IC50 values of 0.039, 1, 1.506,
2.73 and 3.37 mg L�1, respectively, can be considered as the most
sensitive to BPA stress among the species reported in the reviewed
literature (Table 1). A marine dinoflagellate, Alexandrium pacificum,
can be considered even more sensitive as its growth was drasti-
cally and significantly inhibited by BPA at a concentration as low
as 2 lg L�1 (M’Rabet et al., 2018). On the other hand, growth in
algae like Chlorella pyrenoidosa (EC50: 44.9–89.39 mg L�1), Cochlo-
dinium polykrikoides (EC50: 68.15 mg L�1), Chlamydomonas mexi-
cana (EC50: 44.8 mg L�1) and Chlorella vulgaris (EC50:
39.8 mg L�1) was found very tolerant to BPA stress (Table 1). Pico-
cystis also tolerated very high doses of BPA and exposure to
75 mg L�1 of BPA for five days could not inhibit its growth by more
than 45% (Ben Ouada et al., 2018a; Ben Ouada et al., 2018b). Sim-
ilarly, adverse effects of BPA on growth in different algal species
can be seen from the effective concentrations (EC) shown in
Table 1. BPA was also shown to cause reproductive toxicity in algae
as confirmed by inhibition of spores release in Ulva pertusa (Yang
and Hong, 2012). In a 96-h acute toxicity test with sporulation of



Table 1
Effect of BPA on growth in different algae. Data is extracted from literature and is given as effective concentration (EC) and IC50/EC50 values. The lowest concentration of BPA with
a significant effect in a given study was considered as EC. A cell left blank as (–) means that the value is not determined. EC, EC50/IC50 values calculated more than once during the
course of experiment are given in the range from minimum to maximum.

Algae Group Habitat BPA conc. tested
(mg L�1)

Exposure duration
(days)

EC
(mg L�1)

IC50/EC50

(mg L�1)
Reference

Alexandrium pacificum Dinoflagellate Marine 0.002 & 0.02
(2 & 20 lg L�1)

7 0.002 – (M’Rabet et al., 2018)

Chlamydomonas mexicana Green algae Freshwater 1–50 5 25 44.8 (Ji et al., 2014)
Chlorella fusca VAR.

VACUOLATA
Green algae Freshwater 2.283–36.53

(10–160 lM)
7 9.13 – (Hirooka et al., 2005)

Chlorella pyrenoidosa Green algae Freshwater 0.1–10 6 1 – (Duan et al., 2019)
Chlorella pyrenoidosa Green algae Freshwater 1.6–50 1–7 44.9 (96 h) (Li et al., 2017)
Chlorella pyrenoidosa Green algae Freshwater 1–50 1–7 1 46.04–89.39 (Zhang et al., 2014a)
Chlorella pyrenoidosa Green algae Freshwater 1–50 5–30 No effect – (Zhang et al., 2014a)
Chlorella sorokiniana Green algae Freshwater 10–50 7 20 – (Eio et al., 2015)
Chlorella vulgaris Green algae Freshwater 1–50 5 25 39.8 (Ji et al., 2014)
Chlorella vulgaris Green algae Freshwater 2–50 10 20* 10** – (Wang et al., 2017a)
Chlorella vulgaris Green algae Freshwater 5–80 7 20 – (Gulnaz and Dincer,

2009)
Cochlodinium polykrikoides Dinoflagellate Marine 0.1–500 3 25 68.15 (Ebenezer and Ki,

2012)
Cyclotella caspia Diatom Marine 4–12 4 4 7.96 (Li et al., 2008)
Desmodesmus subspicatus Green algae Freshwater 7–42 3 – 19.6 (Tišler et al., 2016)
Ditylum brightwellii Diatom Marine 0.05–20 3 – 0.039 (Ebenezer and Ki,

2016)
Graesiella sp. Green algae Hot water

spring
1–75 1–5 1 19.5–24 (Ben Ouada et al.,

2018b)
Monoraphidium braunii Green algae Freshwater 4–10 4 – 10 (Gattullo et al., 2012)
Navicula incerta Diatom Marine 1–5 4 – 3.37 (Liu et al., 2010)
Picocystis sp. Green algae Saline lakes 1–75 1–4 25 >75 (Ben Ouada et al.,

2018b)
Prorocentrum minimum Dinoflagellate Marine 0.01–10 3 – 1.506 (Ebenezer and Ki,

2016)
Prorocentrum minimum Dinoflagellate Marine 0.01–10 3 – 1.51 (Guo et al., 2012)
Scenedesmus obliquus Green algae Freshwater 1.6–50 1–7 – 33.9 (4 day) (Li et al., 2017)
Scenedesmus obliquus Green algae Freshwater 1–50 1–7 1 15.59–29.16 (Zhang et al., 2014a)
Scenedesmus obliquus Green algae Freshwater 1–50 5–30 No effect – (Zhang et al., 2014a)
Scenedesmus quadricauda Green algae Freshwater 1–20 4 2 13.233 (Xiang et al., 2018a)
Selenastrum capricornutum Green algae Freshwater 0.78–10 4 2.16 2.73 (Alexander et al.,

1988)
Skeletonema costatum Diatom Marine 0.72–15 4 0.72 1 (Alexander et al.,

1988)
Stephanodiscus hantzschii Diatom Marine 0.01–9 4 5 8.65 (Li et al., 2009)
Tetraselmis suecica Green algae Marine 0.5–100 3 – 15.55 (Ebenezer and Ki,

2016)
Ulva pertusa Green

macroalga
Marine 6.25–100 4 12.5 23.84 (Yang and Hong,

2012)

*under dark and ** light conditions.
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this alga, 0, 12.35, 53.85, 99.69 and 100% inhibition of spore release
was observed at 6.25, 12.5, 25, 50 and 100 mg L�1 of BPA, respec-
tively, with an average EC50 value of 23.84 mg L�1 (Yang and Hong,
2012).

The adverse effect of BPA on growth in algae was mostly
assessed for 1 to 7 days (Table 1) and only a few studies evaluated
it in long-term beyond seven days (Ji et al., 2014; Li et al., 2009; Li
et al., 2008; Zhang et al., 2014a). In a 10-day exposure of Chlamy-
domonas mexicana and Chlorella vulgaris to 1–50 mg L�1 of BPA,
no significant effect on growth was observed at concentration
below 10 mg L�1, while a 25 mg L�1 BPA initially caused a slight
growth inhibition during initial days, but it was recovered there-
after (Ji et al., 2014). However, a 50 mg L�1 of BPA caused severe
growth inhibition of 85% in C. vulgaris and little inhibition of 18%
in C. mexicana after ten days (Ji et al., 2014). A 16-day experiment
with growth of Stephanodiscus hantzschii under BPA exposure
(0.01–9 mg L�1) revealed time and dose dependent effects (Li
et al., 2009). A dose of BPA up to 1 mg L�1 had no obvious effects
on algal growth irrespective of exposure time but 3 mg L�1 inhib-
ited the algal growth during the first four days but thereafter
caused growth stimulation. However, exposure to 7 and 9 mg L�1

BPA severely stopped algal growth and caused the cell to die when
5

exposure time exceeded 8 days (Li et al., 2009). The effect of BPA on
algae growth in the longest exposure time was assessed by Zhang
et al. (2014a) who studied the growth of Chlorella pyrenoidosa and
Scenedesmus obliquus under 0, 1, 10, and 50 mg L�1 of BPA for
30 days. BPA did not inhibit the growth of any of the two algal spe-
cies, rather the growth of C. pyrenoidosawas significantly enhanced
by 1 and 50 mg L�1 of BPA after 30-day exposure and the authors
concluded that in long-term exposure BPA may not be harmful to
algae (Zhang et al., 2014a). Utilization of chemicals generated from
degradation of BPA may be a possible reason for the enhancement
of algal growth. Li et al. (2008) reported time-dependent findings
upon exposure of Cyclotella caspia to 4–12 mg L�l BPA for 20 days.
Growth determination after 4, 8 and 16 days revealed significant
inhibition of growth at all treatment of BPA as compared to the
untreated control. Culture treated with the highest concentration
of BPA reached the death phase by day 12, the control culture
reached the death phase by day 20, but interestingly the algae at
4 and 6 mg L�1 of BPA recovered to a normal growth at day 20
and culture at 4 mg L�1 of BPA had significantly higher growth than
all treatments including the control (Li et al., 2008).

The collected data (Table 1) show huge differences in growth
responses of different species of algae to BPA. No doubt the com-



Table 2
Effect of BPA on chlorophyll a in different algae. Data is extracted from literature and is given as effective concentration (EC) and IC50/EC50. The lowest concentration of BPA with a
significant effect in a given study was considered as EC. A cell left blank as (–) means that the value is not determined. EC, EC50/IC50 values calculated more than once during the
course of experiment are given in the range from minimum to maximum.

Algae name Algae group Habitat BPA conc. tested
(mg L�1)

Exposure duration
(days)

EC
(mg L�1)

EC50
(mg L�1)

Reference

Alexandrium pacificum Dianoflagellate Marine 0.002 & 0.02
(2 & 20 lg L�1)

7 0.002
(2 lg L-1)

– (M’Rabet et al., 2018)

Chlamydomonas
mexicana

Green algae Freshwater 1–50 5 25 – (Ji et al., 2014)

Chlorella pyrenoidosa Green algae Freshwater 0.1–10 6 1 – (Duan et al., 2019)
Chlorella pyrenoidosa Green algae Freshwater 1–50 1–7 1–25 – (Zhang et al., 2014a)
Chlorella pyrenoidosa Green algae Freshwater 1–50 5–30 No effect – (Zhang et al., 2014a)
Chlorella sorokiniana Green algae Freshwater 10–50 7 20 – (Eio et al., 2015)
Chlorella vulgaris Green algae Freshwater 1–50 5 25 – (Ji et al., 2014)
Cyclotella caspia Diatom Marine 4–12 4–20 4–8 – (Li et al., 2008)
Desmodesmus sp.WR1 Green algae Freshwater 1–13.5 10 No effect – (Wang et al., 2017c)
Ditylum brightwellii Diatom marine 0.05–20 3 – 0.037 (Ebenezer and Ki,

2016)
Monoraphidium braunii Green algae Freshwater 4–10 2–4 2–10 – (Gattullo et al., 2012)
Navicula incerta Diatom Marine 1–5 4 No effect – (Liu et al., 2010)
Scenedesmus obliquus Green algae Freshwater 1–50 1–7 1–10 – (Zhang et al., 2014a)
Scenedesmus obliquus Green algae Freshwater 1–50 5–30 10–50 – (Zhang et al., 2014a)
Scenedesmus

quadricauda
Green algae Freshwater 1–20 4 1 – (Xiang et al., 2018a)

Skeletonemu costarum Diatom Marine 0.72–15 4 0.72 1.8 (Alexander et al.,
1988)

Stephanodiscus
hantzschii

Diatom Marine 0.01–9 4 3 – (Li et al., 2009)

Table 3
Effect of BPA on photosynthesis in different algae measured by chlorophyll fluorescence method (Fv/Fm) or by oxygen evolution method. Data is extracted from literature and is
given as effective concentration (EC). The lowest concentration of BPA with a significant effect in a given study was considered as EC. EC values calculated more than once during
the course of experiment are given in the range from minimum to maximum.

Algae species Group Habitat BPA conc. tested (mg L�1) Exposure duration (days) EC (mg L�1) Reference

Fv/Fm
Alexandrium pacificum Dinoflagellate Marine 0.002 & 0.02

(2 & 20 lg L�1)
1–7 0.002 and 0.020* (M’Rabet et al., 2018)

Chlorella pyrenoidosa Green algae Freshwater 0.1–10 6 1 (Duan et al., 2019)
Desmodesmus sp.WR1 Green algae Freshwater 1–13.5 1–10 3 (Wang et al., 2017c)
Graesiella sp. Green algae Hot water spring 1–75 1–5 1 (Ben Ouada et al., 2018b)
Monoraphidium braunii Diatom marine 4–10 4 2**

10***
(Gattullo et al., 2012)

Picocystis sp. Green algae Saline lakes 1–75 1–5 1–25 (Ben Ouada et al., 2018b)
Picocystis sp. Green algae Saline lakes 1–75 1–5 1–25 (Ben Ouada et al., 2018a)
Scenedesmus quadricauda Green algae Freshwater 1–20 4 10 (Xiang et al., 2018a)

O2 method
Alexandrium pacificum Dinoflagellate Marine 0.002 & 0.02 1–7 0.002 and 0.020* (M’Rabet et al., 2018)
Graesiella sp. Green algae Hot water spring 1–75 1–5 1–10 (Ben Ouada et al., 2018b)
Picocystis sp. Green algae Saline lakes 1–75 1–5 days 1–10 (Ben Ouada et al., 2018b)
Picocystis sp. Green algae Saline lakes 1–75 1–5 days 1–10 (Ben Ouada et al., 2018a)

*At both concentrations inhibition was observed in initial days and was later recovered.
** In dark adapted cells, stimulation was caused *** in light adapted cell, inhibition was caused.
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parison of data on growth inhibition in different species of algae
extracted from different studies may not give reliable conclusion
on comparison as the experimental conditions and procedures
used were different in different studies. However, differences in
sensitivity of growth to BPA in different algae are also evident from
the findings of several comparative studies (Ben Ouada et al.,
2018b; Ji et al., 2014; Li et al., 2017; Xiang et al., 2018a; Zhang
et al., 2014a). For example, when two different species of Chloro-
phyta, Graesiella (microalga with cell size of 8–12 lm) and Picocys-
tis (microalga with cell size of 2–3 lm), were exposed to 10, 25 and
75 mg L�1 of BPA for 5 days, 20, 62 and 80% growth inhibition,
respectively, was observed in Graesiella but only 10, 32, and 43%
decrease in the growth of Picocystis was caused at the same doses
of BPA (Ben Ouada et al., 2018b), showing that the inhibitory effect
of BPA on the growth of Graesiella was almost double than Picocys-
6

tis. This might be due to the increase surface area exposure of Grae-
siella due to its larger size. Li et al. (2017) compared the sensitivity
of growth in Chlorella pyrenoidosa and Scenedesmus obliquus upon
exposure to 1.6–50 mg L�1 BPA for 48, 96 and 144 h. The growth
of S. obliquus was inhibited at all the tested concentrations of
BPA at all exposure times, but in C. pyrenoidosa stimulation of
growth was observed at all doses of BPA in the initial 48 h of expo-
sure and an inhibitory effect was shown only at higher doses of
BPA and that too after 48 h (Li et al., 2017). Zhang et al. (2014a)
also observed that growth in S. obliquus was more sensitivity than
C. pyrenoidosa to BPA. Similarly, Chlorella vulgaris demonstrated a
higher sensitivity to BPA as compared to Chlamydomonas mexicana
(Ji et al., 2014). It was suggested that cell wall composition might
be a possible factor in differential sensitivities of different algae
to BPA stress (Xiang et al., 2018a). Periplasmic redox activities



Table 4
Effect of BPA on provoking of different antioxidant enzymes and lipids peroxidation (LPO) in different algae. Data is extracted from literature and is given as effective
concentration (mg L�1), the lowest concentration of BPA with a significant effect (increase). EC values calculated more than once during the course of experiment are given in the
range from minimum to maximum. A cell left blank as (__) mean that the value is not determined.

Algae Group Habitat BPA conc.
(mg L�1)

Exposure
duration
(days)

APX SOD POD CAT GST LPO Reference

Chlorella pyrenoidosa Green
algae

Freshwater 1–50 4 __ 1 __ 1 __ __ (Zhang et al., 2014a)

Chlorella vulgaris Green
algae

Freshwater 2–50 1–10 __ 2 __ 2 __ __ (Wang et al., 2017a)

Cyclotella caspia Diatom Marine 4–12 4 __ 4 __ __ __ __ (Li et al., 2008)
Graesiella Green

algae
Hot water
spring

1–75 1–5 1–10 __ __ 1–25 1–
25*

1–
10

(Ben Ouada et al.,
2018b)

Navicula incerta Diatom Marine 1–5 4 __ 4 5* __ 4 __ (Liu et al., 2010)
Picocystis Green

algae
Saline lake 1–75 1–5 10–

25
__ __ 25–

50
25 10 (Ben Ouada et al.,

2018b)
Picocystis Green

algae
Saline lake 1–75 1–5 10–

25
__ __ 10–

25
25 10 (Ben Ouada et al.,

2018a)
Scenedesmus obliquus Green

algae
Freshwater 1–50 4 __ 25 __ 10 __ __ (Zhang et al., 2014a)

Scenedesmus
quadricauda

Green
algae

Freshwater 1–20 4 __ 1 __ 2 __ 2 (Xiang et al., 2018a)

*decrease was observed.
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might also be partially responsible. This speculation is supported
by the differential sensitivities of prokaryotic and eukaryotic sys-
tems to environmental pollutants as these organisms have differ-
ent cell wall composition (Bährs et al., 2013; Gao et al., 2009;
Xiang et al., 2018a). For example, the cyanobacterium Cylindrosper-
mopsis raciborskii responded to BPA very differently than the green
alga S. quadricauda (Xiang et al., 2018a). However, in depth studies
are needed to determine the role of cell wall in algae sensitivity to
BPA. The different capacities of different algae to absorb, accumu-
late and degrade BPA (as discussed later in this article) are another
possible explanation for the observed differential effects of BPA on
growth in different algal species (Li et al., 2017). The origin of col-
lection and past growth conditions can also contribute to BPA sen-
sitivity in algae. In a comparison of growth sensitivity in Picocystis
and Graesiella to BPA stress, the high tolerance of Picocystis was
regarded to be attained due to its wastewater origin (Ben Ouada
et al., 2018b). Tolerance of some other algal species like Stephan-
odiscus hantzschii and Cyclotella caspia to BPA stress was also attrib-
uted to their collection from polluted sites (Li et al., 2009; Li et al.,
2008). Algae growing in water bodies that continuously receives
sewage or other pollutants may develop high tolerance to contam-
inants (Aguilera and Amils, 2005; Ben Ouada et al., 2018b; Rehman
et al., 2007). Furthermore, different algae have different defense
mechanisms to cope with stress (discussed here later) that can
be another explanation for differential effects of BPA on growth
in different algae.

BPA may inhibit algal growth directly by affecting cell division
or indirectly by adversely affecting different pathways in physio-
logical and biochemical processes and the net effect may come in
the form of growth inhibition. BPA was found to interfere with
nutrients uptake in algae that can result in poor cell growth due
to decreased uptake of some nutrients (Ji et al., 2014). A micro-
scopic study revealed that algal cells exposed to high doses of
BPA had significantly enlarged cell size, broken cell wall and poorly
organized organelles (Li et al., 2009). Similarly, BPA caused alter-
ations in the expression levels of several genes involved in differ-
ent cellular pathways like photosynthesis, fatty acid metabolism,
glycolysis, tricarboxylic acid cycle and oxidative phosphorylation
(Duan et al., 2019). Therefore, growth inhibition by BPA in algae
could be through interfering with multiple processes related to
energy metabolism and other related cellular functions. Depending
upon the dose of BPA, growth in some algae can recover from BPA
stress with increase in exposure time (Ji et al., 2014; M’Rabet et al.,
7

2018; Zhang et al., 2014a). For instant, growth inhibition in Chlor-
ella vulgaris and Chlamydomonas mexicana caused by 25 mg L�1 of
BPA observed in the initial five days of exposure was later recov-
ered to a certain limit when the incubation period extended to
10 days (Ji et al., 2014). Similarly, growth recovery in Chlorella
pyrenoidosa and Scenedesmus obliquus from BPA stress was
observed with prolonged exposure time (M’Rabet et al., 2018). This
recovery can be explained by two possible hypotheses: an adapta-
tion of algae to BPA stress with time or a decrease in BPA concen-
trations due to degradation with the passage of time (Zhang et al.,
2014a). Stimulation of growth, particularly at low doses of BPA, has
also been reported in some algae like C. pyrenoidosa, C. vulgaris and
S. hantzschii (Duan et al., 2019; Li et al., 2017; Li et al., 2009; Wang
et al., 2017a). Exposure to low concentrations of BPA upregulated
several genes involved in energy releasing processes (glycolysis,
tricarboxylic acid cycle, and oxidative phosphorylation), cellular
transport and nucleotides transport (Duan et al., 2019). The upreg-
ulation of such genes indicates that algal cells accelerate energy
production and materials transport for cell growth that can be a
possible reason for increase in growth and other functions of algae
at low concentrations of BPA (Duan et al., 2019). Stimulation of
some physiological parameters at low levels of different stresses
is a common phenomenon in algae as reported in different algae
(Cedergreen et al., 2006; Danilov and Ekelund, 2001b; Saikia
et al., 2011; Stebbing, 1982) and may be a defense strategy of algae
to overcome the stress.

Some studies evaluated the effect of BPA on algal growth in
comparison to organisms from other trophic levels (consumers)
that give interesting information on BPA toxicity at different
trophic levels. Li et al. (2017) compared the effect of BPA on Oryzias
latipes (Japanese medaka: secondary consumer), Daphnia magna (a
cladoceran: primary consumer) and Chlorella pyrenoidosa and Sce-
nedesmus obliquus (algae: primary producers). The order of acute
toxicity of BPA was found as O. latipes (96 h LC50 9.4 mg L�1) > D.
magna (96 h LC50 11.7 mg L�1) > S. obliquus (96 h EC50 33.9 mg L�1)
and C. pyrenoidosa (96 h EC50 44.9 mg L�1) (Li et al., 2017). Though
slightly differ, but still the EC50 values of both algal species are clo-
ser to each other and those of Daphnia and Oryzias are closer to
each other reflecting that BPA is more toxic at consumer level (an-
imals) than at primary producer level (algae). However, another
study (Alexander et al., 1988) revealed something quite contradic-
tory to the findings of Li et al. (2017). They evaluated the toxicity of
BPA using test organisms at different tropic levels both in freshwa-



Table 5
BPA removal efficiencies of different species of algae. A cell left blank as (__) mean that the value is not determined.

Algal species Group Habitat Conc. of BPA
(mg L�1)

Growth conditions
(photoperiod & temp.)

Exposure
duration
(days)

Techniques used
for BPA analysis

Abiotic
removal

Total
removal

Biodegradation
(%)

BCF
value

Reference

Picocystis sp. Green
algae

Saline lake 25, 50, 75 16:8h (L:D), 30 �C 5 HPLC 13.8–
19.23%

40.4–72% 20.7–39.87% 3.9–
6.86

(Ben Ouada et al., 2018a; Ben
Ouada et al., 2018b)

Graesiella sp. Green
algae

Hot water
spring

25, 50, 75 16:8h (L:D), 30 �C 5 HPLC 12.99–
17.59%

27.77–
52.63%

7.29–18.88 5.49–
9.88

(Ben Ouada et al., 2018b)

Stephanodiscus hantzschii Diatom Marine 0.01–9 12:12 h (L:D) 20 �C 16 SPME/GC-FID 16.2–
23.5%

25.6–
98.8%

7–78 % 3.40–
457.75

(Li et al., 2009)

Navicula incerta Diatom Marine 1–5 16:8h (L:D), 23 �C 4 GC–MS __ __ 3.71–37.78 ͌150–
261

(Liu et al., 2010)

Chlamydomonas
mexicana

Green
algae

Freshwater 1–50 16:8h (L:D), 27 �C 5–10 UPLC-MS 5.5–15% 8–39% 0.7–24% 2.1–
23.3

(Ji et al., 2014)

Chlorella vulgaris Green
algae

Freshwater 1–50 16:8h (L:D), 27 �C 5–10 UPLC-MS 5.5–16% 6–38% 3.7–23% 1.4–
29.6

(Ji et al., 2014)

Chlorella vulgaris Green
algae

Freshwater 2–50 12:12 h (L:D),
25 �C

10 HPLC __ 3.425 mg
(L.D)�1

__ __ (Wang et al., 2017a)

24 h dark, 25 �C 10 HPLC __ 1.53 mg
(L.D)�1

__ __

Ulva prolifera Green
algae

Marine 0.1
(100 lg L�1)

12:12 h (L:D) 1 UHPLC and GC–MS 0% 94.3% __ __ (Zhang et al., 2019)
24 h light 1 UHPLC and GC–MS __ 98.50% __ __
24 h dark 1 UHPLC and GC–MS __ 41.80% __ __

Desmodesmus sp.WR1 Green
algae

Freshwater 1–13.5 12:12 h (L:D), 22 �C 10 HPLC, LC-HRMS Slight 18–57% __ __ (Wang et al., 2017c)

Chlorella vulgaris Green
algae

Freshwater 20 14:10 h (L:D) 25 �C 4 GC and GC–MS 0 greater
than 50%

__ __ (Gulnaz and Dincer, 2009)

Chlorella pyrenoidosa Green
algae

Freshwater 0.0108
(10.8 lg L�1)
(radioactive)

12:12 h (L:D) 25 �C 10 HPLC __ __ __ 106 (Guo et al., 2017a)

Chlorella fusca Green
algae

Freshwater 2.283–36.53
(10–160 lM)

24 h light 27.5C 7 HPLC 0 70–95% __ __ (Hirooka et al., 2005)

Chlorella sorokiniana Green
algae

Freshwater 10, 20, 50 12:12 h (L:D) 25 �C 7 HPLC 11.3–
18.8%

__ 20.7–38.5% __ (Eio et al., 2015)

Chlorella
sorokiniana + bacteria

Green
algae

Freshwater 10, 20, 50 12:12 h (L:D) 25 �C 7 HPLC, GC–MS 11.3–
18.8%

__ 100% __

Monoraphidium braunii Green
algae

Freshwater 2, 4, 10 12:12 h (L:D) 22 �C 4 HPLC Negligible 35–48% __ __ (Gattullo et al., 2012)

Monoraphidium
braunii + NOM

Green
algae

Freshwater 2, 4, 10 12:12 h (L:D) 22 �C 4 HPLC Negligible 31–52% __ __

Chlorella fusca Green
algae

Freshwater 9.13 (40 lM) Light 25 �C 5 HPLC 0 85% __ __ (Hirooka et al., 2003)
Dark
25 �C

5 HPLC 0 22% __ __
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ter (alga Selenustrum capricornutum; crustacian Daphnia magna;
fish Pimephales prornelas) and saline environment (diatom Skele-
tonemu costatum; crustacian Mysidopsis bahia; fish Menidia meni-
dia). The EC50/IC50 obtained for freshwater organisms were as: S.
capricornutum: 2.7 mg L�1 (96 h), Daphnia magna: 10 mg L�1

(48 h) and Pimephales prornelas: 4.7 mg L�1 (96 h) giving the order
of sensitivity as algae > fish > crustacean. The 96 h EC50/IC50 values
obtained with test for marine organisms were 1, 1.1 and 9.4 mg L�1

for S. costatum, M. bahia and M. menidia, respectively, giving the
order of sensitivity as alga > crustacean > fish (Alexander et al.,
1988). The study of Alexander et al. (1988) reflects growth in algae
to be more sensitive than toxicity tests with crustaceans or fish.
Bacteria, another trophic level, were found more tolerant than
algae to BPA. For example, a comparative study of the alga C. vul-
garis with the bacterium Aeromonas hydrophilia to BPA exposure
revealed that the cell growth of the alga was inhibited by BPA in
a dose above 20 mg L�1 but the bacterium could grow even at
120 mg L�1 of BPA (Gulnaz and Dincer, 2009).

According to the EU-Directive 93/67/EEC of the Commission of
the European Communities (Commission, 1996), chemicals of envi-
ronmental concern in aquatic environments are categorized in to
three classes of toxicity based on their EC50 values: (1) very toxic
to aquatic organisms (substances having EC50 values below
1 mg L�1), (2) toxic to aquatic organisms (substances having EC50

values in the range of 1 to 10 mg L�1), and (3) harmful to aquatic
organisms (substances having EC50 values in the range 10 to
100 mg L�1), while chemicals with EC50 values above 100 mg L�1

should not be classified (Zhang et al., 2014a). According to this cri-
terion, only to the diatom Ditylum brightwellii (EC50 = 0.039) BPA
can be considered as very toxic. To the remaining species of algae
BPA can be regarded as toxic to some species having EC50 values
below 10 and harmful to some other species where EC50 values
are above 10 but below 100 (Table 1). However, the reported con-
centrations of BPA in natural aquatic environments as discussed
above are far lower than these values and, at present pollution
level, BPA may not be a threat to the growth of algae. Nevertheless,
growth in the dinoflagellate Alexandrium pacificum was affected by
a very low dose of BPA (M’Rabet et al., 2018) but due to no deter-
mination of EC50 value by the authors, it cannot be interpreted here
with the criteria of EU-Directive 93/67/EEC.
3.2. Effect of BPA on light-harvesting pigments in algae

Light-harvesting pigments are vital substances used by pho-
toautotrophic organisms for light-energy absorption and its subse-
quent conversion to a form of energy (organic compounds) that is
utilized not just by the photoautotrophs themselves but also by
organisms in other trophic levels. In addition, the process releases
molecular oxygen from water which is used in the vital cellular
processes of aerobic respiration. Therefore, the presence of an opti-
mum amount of these pigments in the plastids (chloroplasts) of
phototrophic organisms is essential for proper functioning of the
overall ecosystem (Azizullah et al., 2014; Fodorpataki et al.,
2001). Environmental pollutions or stressors that impair the bal-
ance of light-harvesting pigments in photoautotrophic organisms
can influence their photosynthetic performance and hence organ-
ism survival (Azizullah et al., 2012a, 2014). The composition and
concentration of photosynthetic pigments are therefore widely
used as endpoints in monitoring the toxicity of environmental pol-
lutants in algae and plants (Ali et al., 2016; Azizullah et al., 2014;
Markina, 2010; Shakir et al., 2016; Tahira et al., 2019). Common
pollutants of aquatic environments like salinity, pesticides, heavy
metals, metalloids, and detergents were frequently reported to
adversely affect light-harvesting pigments (chlorophylls and caro-
tenoids) in algae (Ahmed, 2010; Azizullah et al., 2014; González-
9

Moreno et al., 1997; Küpper et al., 2002; Markina and Aizdaicher,
2007; Tahira et al., 2019).

Several studies reported the adverse effects of BPA on light-
harvesting pigments in different algae (Table 2). While studying
the effect of BPA on light-harvesting pigments in algae, most of
the studies relied only on chlorophyll a and other accessory pig-
ments (carotenoids and chlorophylls other than a) have rarely been
considered. Therefore, the data extracted and shown in Table 2 is
only for BPA effect on chlorophyll a. Like cell growth, the response
of light-harvesting pigments (chlorophyll a) to BPA stress varied
greatly in different algae and the effective concentrations ranged
from as low as 2 lg L�1 in the marine dinoflagellate Alexandrium
pacificum to as high as 25 mg L�1 in some other algae (Table 2).
Based on the reported data, chlorophyll a pigment in A. pacificum
and in the diatoms Skeletonema costarum and Ditylum brightwellii
can be considered as the most sensitive to BPA exposure (Table 2).
In the diatom S. costarum, a significant decrease in chlorophyll a
was observed at 0.72 mg L�1 of BPA with a 96-h EC50 of 1.8 mg L�1

(Alexander et al., 1988). Similarly, in D. brightwellii, an EC50 value of
0.037 mg L�1 BPA for chlorophyll a was reported after 72 h expo-
sure (Ebenezer and Ki, 2016). In the marine dinoflagellate A. pacifi-
cum, in a 7-day long experiment with chlorophyll a determination
after every 24 h, a significant fall in the pigment was reported at
BPA dose of 2 lg L�1 throughout the exposure time (M’Rabet
et al., 2018). This might be the most sensitive response of light-
harvesting pigments in algae to BPA stress ever reported as even
at 2 lg L�1 of BPA more than 80% reduction in chlorophyll a was
noted in comparison to the control. On the other hand, pigments
in some species (e.g. C. mexicana and C. vulgaris) were very resis-
tant to BPA and a decrease was noticed only at very high doses
of BPA like 25 mg L�1 (Ji et al., 2014). Pigments in other algae
responded to BPA at a dose of 1 mg L�1 or well above it (Table 2).
Like growth, the responses of light-harvesting pigments in algae to
BPA stress varied greatly from species to species, even in closely
related species. For example, chlorophyll a in Chlorella pyrenoidosa
and Scenedesmus obliquus was affected by BPA (1–50 mg L�1) dif-
ferently both in acute (1–7 days) and chronic (5–30 days) tests
(Zhang et al., 2014a). In initial four days (24–96 h) of acute test,
significant decreases in chlorophyll a of C. pyrenoidosawere mostly
observed at 25 and 50 mg L�1 of BPA, but in S. obliquus significant
decreases were shown even at the lowest tested concentration of
BPA (1 mg L�1) (Zhang et al., 2014a). Similarly, in chronic exposure
BPA did not significantly affect chlorophyll a in C. pyrenoidosa, but
in S. obliquus it was generally declined with increasing concentra-
tion of BPA and a significant reduction was noticed at 25 and
50 mg L�1 of BPA (Zhang et al., 2014a). Authors concluded that
chlorophyll a in S. obliquus was more sensitive than in C. pyrenoi-
dosa to BPA stress. Light-harvesting pigments in algae may also
recover from the adverse effects of BPA with increase in incubation
time, as for example, a recovery in Desmodesmus sp. from a stress
of 13.5 mg L�1 BPA in a 10-day long experiment (Wang et al.,
2017c). This recovery can be explained by the degradation
(photo- or biodegradation) of BPA with the passage of time or by
some protective strategy and/or adaptation of algae. At low doses,
BPA may even cause stimulatory effects and increase chlorophyll
content in some algae. For example, in a five days experiment
0.1 mg L�1 of BPA markedly increased chlorophyll a content in C.
pyrenoidosa, particularly on the third day of growth and thereafter.
On third day of growth, chlorophyll a concentration in the culture
treated with 0.1 mg L�1 of BPA was 25% higher than the chlorophyll
a content in the untreated control group (Duan et al., 2019). In Des-
modesmus sp. even higher concentration of BPA as up to 5.5 mg L�1

caused an increase in the concentration of chlorophyll a (Wang
et al., 2017c). This differential sensitivity of pigments in algae to
BPA may be due to multiple and complex factors as discussed in
the case of cell growth. One additional possible factor in the case
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of light-harvesting pigments can be the differences in thylakoids
arrangement and light-harvesting proteins and pigments composi-
tion in thylakoids among different group of algae (Patty et al.,
2019).

In some algae, the effect of BPA on chlorophyll a (measured per
volume of culture) was similar to the effect on cell density or bio-
mass of algae (Duan et al., 2019; Ji et al., 2014; Li et al., 2009). In
such cases, the decrease in chlorophyll a was possibly not due to
the direct effect of BPA on chlorophyll, but due to a decrease in cell
density and biomass and hence lower concentration of pigments
was found per volume of culture. Considering this factor and nor-
malizing chlorophyll a to cell density (chlorophyll a per cell or per
specific number of cells) can give more accurate information about
the effect of BPA stress on pigments in algae. However, rare of the
published studies on the subject matter considered this factor (Liu
et al., 2010; Xiang et al., 2018a). BPA inhibited growth in the dia-
tom Navicula incertawith a 96-h EC50 value of 3.73 mg L�1, but cel-
lular contents of chlorophyll a and total chlorophyll c (when
calculated per cell) were not significantly affected by the tested
concentrations of BPA (1–5 mg L�1) (Liu et al., 2010). However,
in another algal species, Scenedesmus quadricauda, a decrease in
pigment concentration in response to BPA was shown even when
normalized to cell density (Xiang et al., 2018a).

From overall survey of literature, it is evident that high concen-
trations of BPA cause a decrease in chlorophyll content of algae.
However, it is not yet clearly known whether BPA inhibits the syn-
thesis of new molecules of chlorophyll or destroys the already syn-
thesized pigments. Zhang et al. (2014a) proposed that BPA may
interfere with the synthesis of protochlorophylls or proteins and
their subsequent conversion to chlorophyll. A 96-h exposure to
BPA caused downregulation of several genes like hemN, acsF, chlL,
chlN, chlP, crtB, pds related to chlorophyll and carotenoids synthe-
sis in the cyanobacterium Cylindrospermopsis raciborskii (Xiang
et al., 2018b). In a microscopic study Li et al. (2009) observed that
when Stephanodiscus hantzschii cells were exposed to BPA above
5 mg L�1, cell organelles appeared somehow disorganized, and a
gradual loss of the yellow-green color indicated a disintegration
of the chloroplast and loss of chlorophyll molecules. Since BPA
can lead to accumulation of reactive oxygen species (ROS) in algae,
the oxidative stress may oxidize and damage the membranes of
thylakoids and structure of chloroplast and hence reduces the
chlorophyll content (Zhang et al., 2015). The oxidative damage of
protein-pigments complexes may make the pigments prone to
photodegradation. More in-depth studies are needed to under-
stand the mechanism by which BPA affect chlorophyll in algae.

3.3. Effect of BPA on photosynthesis in algae

Photoautotrophic organisms including plants, algae and some
bacteria trap light with their pigments to run photosynthesis. Envi-
ronmental stresses can impair processes of photosynthesis. Photo-
synthetic efficiency has been used widely as a common endpoint in
assessing the effects of environmental pollutants and stresses on
photoautotrophic organisms (Fai et al., 2007; Petsas and Vagi,
2017). Any change in the photosynthesis of an organism caused
by a toxicant can be reflected through changes in photochemical
performances that can be detected using chlorophyll fluorescence
measuring devices (Van Kooten and Snel, 1990). Photosynthetic
rates determined by gaseous exchange or carbon fixation usually
show close correlation with photosynthetic efficiency measured
by fluorescence techniques (Genty et al., 1989; Seaton and
Walker, 1990). Changes in photosynthesis of algae measured with
chlorophyll a fluorescence method have been used very commonly
in the assessment of ecotoxicity of pollutants in aquatic environ-
ments (Azizullah et al., 2014). Among the different fluorescence
parameters, maximum quantum yield of photosystem II (Fv/Fm:
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in dark adapted cells), effective quantum yield of photosystem II
(UPSII, or Um or DF/Fm’, Fv’/Fm’: in light adapted cells), relative
electron transport rate (rETR), photochemical quenching (qP) and
non-photochemical quenching (NPQ) are usually used in ecophys-
iology and ecotoxicology studies (Petsas and Vagi, 2017; Van
Kooten and Snel, 1990). These parameters give useful information
on the status of reactions centres related to PSII (Henley, 1993;
Schreiber et al., 1995; Seaton and Walker, 1990).

BPA can impair photosynthesis in algae as revealed by studies
that monitored photosynthesis in BPA exposed algae by the classi-
cal gaseous exchange method or chlorophyll fluorescence method
(Ben Ouada et al., 2018a; Ben Ouada et al., 2018b; Duan et al.,
2019; Gattullo et al., 2012; M’Rabet et al., 2018; Wang et al.,
2017c; Xiang et al., 2018a). A decrease in Fv/Fm was observed in
several algal species like Alexandrium pacificum, Chlorella pyrenoi-
dosa, Desmodesmus sp., Graesiella sp., Monoraphidium braunii, Pico-
cystis sp., and Scenedesmus quadricauda when exposed to BPA
(Table 3). Like growth and chlorophyll, high variations in the
response of photosynthesis among different algal species to BPA
exposure were found. The results obtained for the effect of BPA
on photosynthesis in algae with fluorescence techniques corre-
sponded well to the trend in the effect obtained with the measure-
ment of gaseous emission (Ben Ouada et al., 2018b; M’Rabet et al.,
2018). Ben Ouada et al. (2018b) studied the comparative sensitivity
of photosynthesis in two algal species Picocystis and Graesiella to
BPA by measuring their net photosynthetic activities (NPS) using
oxygen evolution method and quantum yield of photosystem II
(Fv/Fm) using chlorophyll fluorometer. A decrease in photosynthe-
sis measured by both techniques in both the species of algae was
observed with increasing concentration of BPA and increasing
exposure time. The effect was more pronounced in Graesiella than
in Picocystis. A five days exposure to 1–25 mg L�1 BPA inhibited
NPS to a maximum of 40% in Picocystis but the same dose caused
80% decrease in NPS in Graesiella. The observed effects were even
more pronounced at higher concentrations of BPA (50–75 mg L�1),
where the decrease in NPS of Picocystis reached 82% but 100% inhi-
bition of NPS was caused in Graesiella (Ben Ouada et al., 2018b).
BPA-induced changes in photosynthetic efficiency of both algae
measured by the florescence technique followed almost the same
trend as that by O2 evolution method. A decrease in Fv/Fm in both
algae was noted with increase in BPA concentration and exposure
time. However, like the NPS, the observed effect was significantly
less pronounced in Picocystis than in Graesiella (Ben Ouada et al.,
2018b). At doses below 50 mg L�1 of BPA Fv/Fm in Picocystis was
not reduced very prominently during the whole exposure duration,
however, in Graesiella, a reduction of 60% in Fv/Fmwas observed. At
75 mg L�1 BPA, the inhibition of Fv/Fm in Picocystis reached a max-
imum of 73% but to 90% in Graesiella after five days (Ben Ouada
et al., 2018b). Similar findings were reported by Ben Ouada et al.
(2018a) in Picocystis when exposed to BPA and the photosynthesis
was measured as NPS and as Fv/Fm. M’Rabet et al. (2018) also
observed a similarity in trend of the inhibitory effect of BPA on
photosynthesis measured by chlorophyll fluorescence techniques
(measuring Fv/Fm) and oxygen evolution method (measuring gross
primary productivity GPP) in a marine dinoflagellate A. pacificum in
a 7-day experiment. The observed effect of BPA on photosynthesis
in this alga measured as Fv/Fm and as GPP showed a linear corre-
lation (M’Rabet et al., 2018). The similar pattern in photosynthetic
inhibition measured by gaseous method and as Fv/Fm suggest that
BPA caused a proportion of PSII reaction centers to be photodam-
aged or inactivated and hence inhibited photosynthesis as revealed
by NPS (Ben Ouada et al., 2018b).

Like Fv/Fm, relative electron transport rate (rETR) is also mea-
sured as an indicator of photosynthesis and is used to characterize
the photochemical efficiency and the proportion of open oxidized
reaction centers of PSII (Baumann et al., 2009). BPA was found to
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impair rETR and increase photoinhibition in algae (M’Rabet et al.,
2018; Xiang et al., 2018a). For example, upon exposure to
20 lg L�1 of BPA for 7 days, a slight decrease in rETR (increased
photoinhibition) was reported in Alexandrium pacificumwith increas-
ing light intensity (M’Rabet et al., 2018). Similarly, BPA at concentra-
tions of 10 and 20 mg L�1 caused significant inhibition of rETR in the
green microalga Scenedesmus quadricauda and at 5 and 10 mg L�1 in
the cyanobacterium Cylindrospermopsis raciborskii after 96 h expo-
sure (Xiang et al., 2018a). These findings are further confirmed by a
significant decrease in photosynthetic light use efficiency by BPA in
algae like A. pacificum and S. quadricauda and in the cyanobacterium
C. raciborskii (M’Rabet et al., 2018; Xiang et al., 2018a).

Most of the studies in evaluating BPA toxicity used Fv/Fm as end
point. However, the response of Fv/Fm and effective or actually
functional quantum yield (quantum yield in light adapted cells)
in algae may respond to BPA stress differently as reported by
Gattullo et al. (2012). The effect of 2, 4 and 10 mg L�1 BPA on pho-
tosynthesis alone and in combination with natural organic matter
(2, 5 and 20 mg L�1) in the green alga Monoraphidium braunii after
two and four days exposure revealed that the maximum quantum
yield (Fv/Fm) and the actual quantum yield (QPSII) of PSII were
affected quite differently. After 2 days exposure, no significant
effect of BPA alone nor of its combination with NOM was observed
on Fv/Fm, while NOM alone at 5 and 20 mg L�1 caused an increase
in Fv/Fm. After 4 days exposure an increase in Fv/Fm was shown by
all doses of BPA alone and by almost all its combination with NOM
(Gattullo et al., 2012). In comparison the effect on QPSII was quite
different where some stimulation was observed at low doses of
BPA, but a significant inhibition was caused by the highest applied
dose of BPA (10 mg L�1), both after 2 and 4 days of exposure to BPA
alone or in combination with NOM (Gattullo et al., 2012). However,
Xiang et al. (2018a) did not notice any difference in the response of
Fv/Fm and DF/Fm’ to BPA stress in Cylindrospermopsis raciborskii
and Scenedesmus quadricauda and both the parameters were found
significantly impaired at 10 and 20 mg L�1 of BPA.

In addition to Fv/Fm and rETR, photochemical quenching (qP)
and non-photochemical quenching (NPQ) are used as indices of
photosynthesis. These parameters provide useful information on
photosystem (PSII) efficiency for utilizing the absorbed light. qP
is used as an index of the conversion of the absorbed light energy
into photochemical energy while NPQ shows the efficiency of dis-
sipating access energy as heat and is related to photoprotection of
the photosystem (Adams and Demmig-Adams, 2004; Müller et al.,
2001; Ruban, 2016). BPA was found to affect both qP and NPQ in
algae as reported in a comparative study on Cylindrospermopsis
raciborskii (cyanobacteria) and Scenedesmus quadricauda upon
exposure to different concentrations of BPA for 96 h (Xiang et al.,
2018a). At low concentrations of 0.1 to 5 mg L�1, BPA caused an
increase in the qP value in C. raciborskii but an inhibition was found
when BPA concentration reached 10 mg L�1. In S. quadricauda, no
stimulation of qP was shown at lower concentrations of BPA but
a strong decrease was noted at BPA concentration of 10 mg L�1

or above (Xiang et al., 2018a). Calatayud and Barreno (2001) pro-
posed that a decrease in qP can be due to the inhibition of the Cal-
vin cycle, which reduces the reoxidizing primary electron acceptor
(Q) capacity. BPA stress may cause closure and functional inactiva-
tion of some of the PSII reaction centers that result in the accumu-
lation of QA -AM at acceptor side (Wang et al., 2010). In S.
quadricauda, a tremendous increase of NPQ was observed at high
concentrations of BPA indicating that excess light energy was dis-
sipated as a heat to protect photosystem against the photodamage
caused by BPA, however, in C. raciborskii a significant decrease in
NPQ was caused by BPA (Xiang et al., 2018a). The additional energy
in C. raciborskii might be dissipated in some other way or the dis-
sipation capacity as heat in this species might have been impaired
by BPA.
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BPA may inhibit photosynthesis in algae by damaging and
reducing the efficiency of different components of the photosyn-
thetic machinery (Ben Ouada et al., 2018a; M’Rabet et al., 2018;
Xiang et al., 2018a). In the photosynthetic machinery, PSII is gener-
ally considered as the major target of stresses (Ashraf and Harris,
2013), therefore, the damage or inactivation of PSII can be the main
cause of photosynthesis impairment by BPA (Ben Ouada et al.,
2018a; Xiang et al., 2018a). The stress caused by elevated doses
of BPA can disturb biochemical and physiological processes by
damaging cellular architecture (Li et al., 2009). BPA may damage
light-harvesting pigments proteins complexes (LHC) in algae and
reduces their ability to trap light energy (Xiang et al., 2018a). This
is further supported by the adverse effects of BPA on different
light-harvesting pigments in algae as discussed in this article.
Ben Ouada et al. (2018a) and Qiu et al. (2013) proposed that due
to the presence of phenolic hydroxyl group (–OH) in BPA, it may
take electrons during its degradation in the medium and thus
impair the transfer of electrons between PSII and PSI reaction cen-
ters, which can be another possible reason for photosynthesis inhi-
bition by BPA. The impact of BPA on the expression of
photosynthesis related genes confirms the adversity of BPA to pho-
tosynthesis in algae as discussed later in this article (Duan et al.,
2019; Xiang et al., 2018b).

The stimulatory effects of BPA on photosynthesis in algae,
reported particularly at low doses of BPA in some cases (Duan
et al., 2019; Gattullo et al., 2012; Xiang et al., 2018a), can be
explained by the change of membrane permeability due to BPA
(Yang et al., 2014) or can be taken as a toxic excitation effect and
a defense strategy of algae as discussed above. A recovery of pho-
tosynthesis from BPA stress with extending exposure time has
been observed in some algae, as for example in Alexandrium pacifi-
cum where a recovery was noticed from 72 h of exposure onward
(M’Rabet et al., 2018). This recovery can be due to the depletion of
BPA in the culture medium by photodegradation and phycodegra-
dation or possibly by exudate production by algae with time that
can restrict BPA binding to the cell as summarized by M’Rabet
et al. (2018).

3.4. Effect of BPA on respiration in algae

Respiration is one of the most vital and essential physiological
activities in cell and can be impaired with environmental stresses.
BPA adversely affects several physiological functions in algae as
summarized in this article, an adverse effect on respiration cannot
be excluded. BPA was found to impair activities of certain key
enzymes involved in cellular respiration like cytochrome c oxidase,
pyruvate kinase, phosphofructokinase, hexokinase and isocitrate
dehydrogenase in soybean roots (Nie et al., 2015). Upregulation
and inhibition of respiration related several pathways at low and
high doses of BPA, respectively, were reported in the green alga
C. pyrenoidosa (Duan et al., 2019). A transcriptomic study revealed
downregulation of respiration related 45 genes in the cyanobac-
terium Cylindrospermopsis raciborskii (Xiang et al., 2018b). How-
ever, the effect of BPA on this one of the most vital cellular
processes in algae was evaluated very rarely. M’Rabet et al.
(2018) attempted to assess the effect of BPA alone and in combina-
tion with another plastic derived chemical (DEHP) on a marine alga
Alexandrium pacificum. Both the chemicals alone as well in combi-
nations significantly reduced the rate of respiration in the alga over
a 7-day long experiment. The two chemicals in combination
caused more severe effects. Their results revealed that with
increasing time (1–7 days) the rate of respiration increased in
the control as well as in cultures of algae treated with BPA, DEHP
and their combination, however, it was very evident that the dif-
ference in the respiration rate between control and treatments
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increased with increase in exposure time and the most evident dif-
ference was shown after 72 h and thereafter (M’Rabet et al., 2018).
Authors further investigated that the impact of both the chemicals
on respiration was less than the gross primary productivity (photo-
synthesis), which was attributed to a possible contamination of
algal culture with bacteria and the oxygen consumption was not
just of the A. pacificum cells, but also of the associated microflora.
Their further investigation of the specific respiration rate (Respira-
tion/Cell density) revealed no significant difference in respiration
of control and treated algae during the whole course of experiment
and the changes in respiration due to BPA and DEHP were attribu-
ted to the changes in the total biomass caused by these chemicals
(M’Rabet et al., 2018). To the best of our knowledge, no other study
on BPA effect on algal respiration was found.

3.5. Effects of BPA on proteins, lipids and carbohydrates in algae

Abiotic stresses in the form of physicochemical changes or pol-
lutants can cause changes in macro organic compounds like pro-
teins, carbohydrates and fats composition in algae, which can be
a result of changes in different metabolic pathways of algae in
response to the stress conditions (Ji et al., 2014). Like physiological,
morphological and other biochemical aspects of algae discussed
here, BPA can evidently interfere with the composition of fats, car-
bohydrates and proteins in algae as reported in marine diatom N.
incerta and freshwater microalgae Chlorella vulgaris and Chlamy-
domonas mexicana (Ji et al., 2014; Liu et al., 2010). In a cyanobac-
terium BPA downregulated several genes related to protein and
fatty acid metabolism (Xiang et al., 2018b). In N. incerta, 96 h expo-
sure to BPA (1–5 mg L�1) caused a significant reduction in cellular
contents of total protein at a dose of 3 mg L�1 or above with a 43%
decrease at the highest tested concentration (5 mg L�1) as com-
pared to the control (Liu et al., 2010). Like total proteins, the con-
tent of polysaccharides was significantly decreased in N. incerta
upon exposure to BPA at 2 mg L�1 or above and a 70% decrease
was observed in polysaccharide at 5 mg L�1 of BPA after 96 h
(Liu et al., 2010). In contrast to N. incerta, BPA exposure caused a
slight increase in carbohydrates contents in freshwater algae C.
vulgaris and C. mexicana (Ji et al., 2014). In these two algae, expo-
sure to 25 and 50 mg L�1 of BPA increased the carbohydrates con-
tents by 9.6 and 6.5%, respectively, as compared to the control. In C.
vulgaris there were 40.4% of carbohydrates in culture grown in
25 mg L�1 of BPA in comparison to 33.5% carbohydrates in the con-
trol culture, while in C. mexicana in comparison to 33.6% in the con-
trol, 39.6% carbohydrates were quantified in cultures grown at
50 mg L�1 of BPA (Ji et al., 2014). Another phenolic compound,
2–4-dichlorphenol also caused a significant increase in carbohy-
drate content in the diatom Skeletonema costatum (Yang et al.,
2002). Since carbohydrates are used both as structural components
in the cell wall and as a source of energy (stored form) in the meta-
bolic processes of plants and algae (Carrieri et al., 2010; Ji et al.,
2014), an effect on carbohydrates reflects an influence on struc-
tural, functional and metabolic aspects of algae (Ji et al., 2014; Li
et al., 2008). Many environmental factors like light, temperature,
salinity and nutrients status affect carbohydrates contents in algae
due to alteration in metabolic pathways (Carrieri et al., 2010; Ji
et al., 2013; Liu et al., 2010; Salama et al., 2013). The differential
responses of carbohydrates to BPA in different algae (Ji et al.,
2014; Liu et al., 2010) show that different algae may respond dif-
ferently to BPA stress regarding energy storage and metabolism.

BPA significantly increased lipid contents in both marine and
freshwater algae. In N. incerta a significant increase in total lipids
was caused by BPA at a dose above 2 mg L�1 and a tremendous
increase of 134% in comparison to the control was observed at
5 mg L�1 of BPA (Liu et al., 2010). A detail study on different fatty
acids in C. mexicana and C. vulgaris reveals a similar trend, i.e. an
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increase in lipids in both algae upon exposure to BPA (Ji et al.,
2014). Measuring fatty acids methyl ester (FAME) revealed that
9.3 and 8.9% production of FAME both in C. mexicana and C. vulgaris
was found in the control that were increased to 11.4 and 10.6% at
10 mg L�1 of BPA, respectively (Ji et al., 2014). Exposure to 6 mg L�1

of 2,4-dichlorophenol also led to an enhancement of lipid content
in the marine diatom S. costatum (Yang et al., 2002). A correlation
of the increase in lipid content with the decrease in algal growth
suggests that under BPA stress algae may change the pattern of
energy utilization by diverting the energy towards lipid storage
than using it for growth (Ji et al., 2014; Liu et al., 2010). Increase
in lipids content of algae is regarded as an indicator of toxicant
stress and it enhances the bioconcentration of hydrophobic and
lipophilic organic toxicants and algae used it as a protective mea-
sure by reducing the bioavailability of these compounds (Halling-
Sørensen et al., 2000; Ji et al., 2014). However, the saturated and
unsaturated fatty acids may respond differently to BPA stress. In
C. vulgaris and C. mexicana BPA caused a decrease in saturated fatty
acid but an increase in unsaturated fatty acids (Ji et al., 2014). The
increase in unsaturated fatty acids can be due to the membrane
damage caused by oxidative stress of BPA (as discussed here later),
which can influence the functions of algal cell membranes and
metabolic processes (Li et al., 2008). Further in-depth studies are
needed on the effect of BPA on the content and metabolism of
lipids, proteins and carbohydrates in algae. This will also help in
understanding the effect of BPA on nutritional value of algae used
as food by consumers in the aquatic ecosystems.

3.6. Effect of BPA on morphology of algae

Morphological features of an organism may have an important
role in its ecological position and adaptation to the environment.
Algae are known to change their shape in response to changes
and pollution in the surrounding environment (Azizullah et al.,
2012a,b; Murray, 1981; Takenaka et al., 1997). Pollutants or stres-
ses that can interact with the cell wall, plasma membrane,
cytoskeleton or homoeostasis of algal cells can change the cell
morphology of algae. This change in cell shape in some aquatic
organisms like Euglena is very sensitive to changes in the environ-
ment and has widely been used as endpoint in ecotoxicological
assessment of aquatic pollutants (Ahmed, 2010; Azizullah et al.,
2012b; Azizullah et al., 2013; Conforti, 1998; Danilov and
Ekelund, 2001a; Tahira et al., 2019).

Studies are there revealing strong impact of BPA on morpholog-
ical features of algae (Gattullo et al., 2012; Li et al., 2009; Li et al.,
2008; Xiang et al., 2018a). In a cyanobacterium Cylindrospermopsis
raciborskii and green alga Scenedesmus quadricauda dose dependent
prominent changes in cell morphologies have been noticed after
96 h exposure to BPA (Xiang et al., 2018a). The morphological
changes have been determined microscopically as changes in tri-
chome length in C. raciborskii and cell morphology as four cells,
three cells, two cells, single cell and empty cell in S. quadricauda.
After exposure to BPA, cells of C. raciborskii were grouped as tri-
chome with length of 0–50 lm, 50–250 lm, and above 250 lm.
With the increasing concentration of BPA, the percentage of tri-
chome with shorter length increased in C. raciborskii culture. In
the control culture, around 93% of trichomes length was above
250 lm which dropped to 85% even at the lowest dose of BPA
tested (0.1 mg L�1). This effect tremendously increased with
increase in BPA dose and at 20 mg L�1 of BPA around 92% cells
had a trichome length of 0–50 lm with almost no cell with a
length above 250 lm (Xiang et al., 2018a). Similarly, visible
changes in S. quadricauda morphology have been noticed in BPA
exposed cultures. Many colonies splitted into single cells or groups
of two or three cells as compared to four cells colonies in the con-
trol, and even completely empty cells have frequently been
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observed at higher concentrations of BPA. At 20 mg L�1 of BPA,
24.47% of the cells were empty cells (Xiang et al., 2018a). BPA at
a concentration of 10 mg L�1 significantly reduced cell size in
another alga Monoraphidium braunii after 2 and 4 days exposure
(Gattullo et al., 2012). In contrast, BPA at a concentration above
6 mg L�1 significantly increased cell volume in a marine alga Cyclo-
tella caspia as concluded in a detailed 20-day microscopic study by
Li et al. (2008). At lower dose (4 mg L�1) some effect on cell mor-
phology of this alga was observed in initial days that was later
recovered. A 6 mg L�1 of BPA increased the length of the pervalvar
axis in some cells of C. caspia from 9.8 lm (in control) to 19.85 lm
on day 4. A dose of 8 mg L�1 of BPA after 12 and 16 days exposure
caused approximately three fold increase in cell length as com-
pared to the control (Li et al., 2008). Similarly, an increase in cell
size of Stephanodiscus hantzschiiwas observed after treatment with
BPA (5 mg L�1) (Li et al., 2009).

Like other parameters, cell morphology also showed variation
in response to BPA from species to species. No significant effect
on cell size was noticed in the diatom Navicula incerta upon expo-
sure to BPA and some other endocrine disrupting chemicals for
96 h (Liu et al., 2010). BPA might impair cell morphology by chang-
ing cell surface area to volume ratio, as cell surface area to volume
ratio had a positive correlation with sensitivity to environmental
pollutants (Miao et al., 2005; Xiang et al., 2018a). As discussed in
this article BPA can interfere with cellular membranes and other
cytoarchitectures, it may disturb cytoskeleton and cell homeostasis
that can be a cause of changes in cell shape. Li et al. (2009) attrib-
uted the increase in length of algal cell by BPA to a halted cell divi-
sion caused by this chemical.
4. BPA-induced oxidative stress and antioxidant responses of
algae

Many of the abiotic environmental stresses are known to
adversely affect living system by causing oxidative stress through
increasing the production of reactive oxygen species (ROS) like
hydroxyl radical (OH�), superoxide anion radical (O2

�), singlet oxy-
gen (O) and hydrogen peroxide (H2O2) (Li et al., 2008). ROS are nor-
mally produced in cell during the aerobic respiration (Buzadžić
et al., 1990; Murthy et al., 2005; Ray et al., 2012). In an optimum
concentration, ROS may not be harmful to cell and are used in cell
signaling of some important cellular processes (Galvez-Valdivieso
and Mullineaux, 2010; Ray et al., 2012). However, the stressful
conditions like exposure to toxic substances enhance the produc-
tion of ROS through aerobic metabolism (Choo et al., 2004; Ray
et al., 2012). The disruption of the electron transfer between the
PSII and PSI reaction centers in chloroplast by stress can also lead
to access accumulation of ROS (Asada, 2006; Sies, 1997). ROS pro-
duced in excess amount attack essential molecules like polyunsat-
urated fatty acids, proteins and nucleic acids in the cell causing cell
injury of cellular organelles and disturbance of metabolic and
physiological processes (Ali et al., 2016; Doyle et al., 2009; Imlay
and Linn, 1988; Shakir et al., 2018). The most common impairment
caused by ROS excess is lipid peroxidation of cellular membranes
caused as a result of attack on the unsaturated fatty acids (Wang
et al., 2015). The oxidative damage caused by ROS is therefore com-
monly determined by measuring the lipids peroxidation as thio-
barbituric acid reactive substances (TBARS: products of lipids
peroxidation) or more specifically as malondialdehyde (MDA:
major contributor of TBARS) content (Asakawa and Matsushita,
1979; Dinakar et al., 2012; Mateos et al., 2005; Tahira et al.,
2019). The oxidative stress is also determined by the direct mea-
surement of ROS concentrations and by determination of the
increase in antioxidant enzymes’ activities in the cell (Ali et al.,
2016; Ben Ouada et al., 2018b; Shakir et al., 2018).
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Many of the hydrophobic organic pollutants like BPA tend to
accumulate in cellular lipids inducing oxidative stress and conse-
quent lipid peroxidation (Ji et al., 2014; Lee et al., 2014). It has
widely been reported that BPA exposure can trigger the overpro-
duction of ROS in different organisms that lead to oxidative stress
(Ali et al., 2016; Gassman, 2017; Tao et al., 2016; Wang et al., 2015;
Yang et al., 2009). BPA-induced oxidative stress has been reported
in several algal species like Chlorella pyrenoidosa, Chlorella vulgaris,
Scenedesmus quadricauda, Scenedesmus obliquus, Navicula incerta,
Picocystis sp. and Graesiella sp. (Ben Ouada et al., 2018a; Ben
Ouada et al., 2018b; Li et al., 2008; Liu et al., 2010; Wang et al.,
2017a; Xiang et al., 2018a; Zhang et al., 2014a) as revealed by
lipids peroxidation or enhancement of the activities of antioxidant
enzymes (Table 4). By oxidative stress and consequent lipids per-
oxidation, BPA affects the fatty acid profile of algae that can influ-
ence the functions of cell membranes and metabolic processes in
algae (Li et al., 2008). Exposure to BPA caused increased lipids per-
oxidation in Picocystis and Graesiella as revealed by MDA content
and the observed effect increased with the increase in BPA concen-
tration and exposure duration (Ben Ouada et al., 2018b). However,
the peroxidation damage caused in the two algal species was dis-
tinctly different in pattern and severity. In Picocystis, the peroxida-
tion was not very evident during the initial days and MDA content
did not exceed 2-fold of the control value even at the highest tested
concentration of BPA (75 mg L�1) in the first three days of expo-
sure. It enhanced to at most five times of the control only after five
days at the highest tested dose of BPA. In contrast, a significant
increase in lipid peroxidation in Graesiella was noticed even at
the lowest tested concentration of BPA and it exceeded seven times
the control levels even after one day of BPA treatment. After five
days of exposure the effect got more severe in this alga and a
tremendous increase in MDA content in the culture treated with
50 and 75 mg L�1 of BPA was observed (Ben Ouada et al., 2018b).
Based on the results for MDA formation demonstrated that BPA
caused more severe oxidative stress and higher lipids peroxidation
in Graesiella than in Picocystis. Similar differences were revealed in
a comparative analysis of lipids peroxidation in a green alga S.
quadricauda and a cyanobacterium Cylindrospermopsis raciborskii
when exposed to BPA in a concentration range of 0.1 or 1 to
20 mg L�1 (Xiang et al., 2018a). As compared to the control, both
the exposed species exhibited a significant increase in MDA con-
tent at BPA dose above 5 mg L�1 but the effect was much higher
in the green alga than in the cyanobacterium. Additionally, unlike
S. quadricauda where a tremendous increase in MDA content was
seen, a significant decrease in MDA content was noticed in C. raci-
borskii at the highest tested dose of BPA (20 mg L�1) (Xiang et al.,
2018a). Different levels of oxidative damages caused by BPA in dif-
ferent algal species may be attributed to differences in their meta-
bolic activities and antioxidative defense systems.

To cope with the oxidative stress, living organisms have devel-
oped certain antioxidant defense mechanisms including enzymatic
and non-enzymatic agents like superoxide dismutase (SOD), cata-
lase (CAT), peroxidases (POD), glutathione S-transferase (GST),
ascorbic acid, that protect cells from oxidative damage by scaveng-
ing ROS. SOD functions to remove ROS by catalyzing the dismuta-
tion of O2

� to O2 and H2O2, the latter is then converted to water by
CAT and POD (Morelli and Scarano, 2004). CAT exists in the mito-
chondria and peroxisomes and transforms H2O2 into water and
oxygen (Madsen et al., 1998). POD catalyzes the oxidation of many
organic compounds with H2O2 and detoxify H2O2 by converting it
into water (Morelli and Scarano, 2004). GST detoxifies hydrophobic
toxic substances by catalyzing their enzymatic conjugation with
GSH (Higgins and Hayes, 2011). APX is applied by the cell to scav-
enge H2O2 produced in the chloroplast (Kwon et al., 2002). The
activities of these enzymes are nowadays widely measured as indi-
cator of cellular oxidative stress caused by environmental stresses.
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BPA exposure significantly provoked the activities of antioxi-
dant enzymes in algae as reported in several studies (Table 4).
Overexpression of these enzymes in algae has been linked with a
protection against BPA stress, as for example a decrease in lipid
peroxidation and a consequent protection of cellular structures like
photosystem (Ben Ouada et al., 2018a,b; Xiang et al., 2018a). Dif-
ferent algae may handle the BPA-induced oxidative stress differ-
ently by overexpressing different enzymes depending upon the
dose and exposure duration of BPA stress. For instant, the two
algae Chlorella pyrenoidosa and Scenedesmus obliquus responded
to oxidative stress of BPA differently both during acute (96 h)
and chronic exposure (5–30 days) as determined by SOD and
CAT activities (Zhang et al., 2014a). In acute tests, activities of both
enzymes in C. pyrenoidosa were higher than in S. obliquus. C.
pyrenoidosa showed an increase in the activities of both CAT and
SOD even at the lowest tested dose of BPA (1 mg L�1), but S. obli-
quus showed an increase in CAT and SOD activities at BPA doses
of 10 and 25 mg L�1 or above, respectively (Zhang et al., 2014a).
In chronic observations, SOD activity of C. pyrenoidosa was more
sensitive to BPA than that of S. obliquuswhile CAT activity of S. obli-
quus was more responsive than in C. pyrenoidosa (Zhang et al.,
2014a). Similarly, Picocystis and Graesiella responded to oxidative
stress of BPA (1–75 mg L�1) differently in a five days long test as
revealed by differential activities of APX, CAT and GST (Ben
Ouada et al., 2018b). Picocystis significantly increased the activity
of GST with increase in the concentration of BPA and exposure time
but in Picocystis a dose and time dependent decrease in the activity
of GST was observed. A similar trend was reported for APX activity,
i.e. it was over-expressed in Picocystis and under-expressed in
Graesiella, particularly at higher doses of BPA and longer exposure
of 4 and 5 days. In initial days of exposure to BPA, CAT activity was
stimulated in a similar fashion in both the species at BPA concen-
trations ranging from 1 to 25 mg L�1; however, at higher concen-
trations (50–75 mg L�1), stable over-expression of CAT was
shown only in Picocystis where in Graesiella a decrease in the activ-
ity of this enzyme was started from the second day onward (Ben
Ouada et al., 2018b). Similar differences in protective mechanisms
against BPA-induced oxidative stress by different algae were
reported in other studies (Li et al., 2008; Xiang et al., 2018a). More-
over, algae may differently handle the oxidative stress induced by
different chemicals. For example, a marine diatom N. incerta
depended against four different endocrine disrupting chemicals,
including BPA, nonylphenols (NPs), 17 a-ethynylestradiol (EE2),
and estradiol (E2) differently as revealed by the response of the
three antioxidant enzymes SOD, GST and POD (Liu et al., 2010).
SOD and GST were increased upon exposure to all the four chem-
icals but to different extents, however, POD was decreased in
response to BPA, NP2 and EE2 but increased in response to E2. In
this diatom, in response to a 5 mg L�1 of BPA, SOD and GST activ-
ities were increased by 52.5% and 37.1%, respectively, and POD
activity was declined by 19.9% (Liu et al., 2010). In such a scenario,
it is possible that the H2O2 generated by the action of SOD may not
be completely reduced by POD, and the residual H2O2 will cause
oxidative damages to the algal cells (Liu et al., 2010). Algae may
deploy different enzymes at different exposure time against BPA-
induced stress. For example, in Picocystis and Graesiella CAT activity
was stimulated since the first day of BPA exposure, while APX and
GST were activated later (Ben Ouada et al., 2018a,b).

At very high concentration, BPA may harm the antioxidant
defense system of algae and inhibit or decreases the expression
of antioxidant enzymes (Ben Ouada et al., 2018a; Li et al., 2008;
Liu et al., 2010; Wang et al., 2017a). This decrease can be due to
the inactivation of these enzymes by the ROS production beyond
the scavenging capacity of enzymes or due to the exhaustion of
these enzymes in attempting to eliminate the generated ROS
(Pigeolet et al., 1990). With prolonged exposure to BPA, particu-
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larly at low doses, the gradual decline in antioxidant enzymes as
compared to initial days indicates that an oxidative balance
between production and scavenging of ROS in algae is re-
established through the regulation of self-protection mechanisms
(Li et al., 2008). The decrease in BPA concentration due to degrada-
tion with increase in exposure time, as discussed in this article, can
be another possible factor for the corresponding decrease in the
antioxidant response of algae with prolonged exposure time
(Wang et al., 2017a).

The variation in responses of the antioxidant enzymes in algae to
BPA stress is a complex phenomenon and might be dependent on a
number of factors like the productions of different ROS in different
concentrations by different doses of BPA in different algae, struc-
tural and functional differences in algal species, main target of
BPA in an alga (organelle level) and the prevailing environmental
conditions. Physicochemical conditions and environmental factors
(e.g. light intensity, photoperiod, pH etc.) may also influence the
antioxidant defense responses of algae to BPA stress. However,
unfortunately studies can rarely be found in literature on this aspect
of algae-BPA interactions except Wang et al. (2017a) who studied
the expression of SOD and CAT in C. vulgaris upon exposure to BPA
under light and dark conditions (photoautotrophic and hetero-
trophic growth). They concluded that both the enzymes expressed
differently under light and dark conditions with higher activities
of both enzymes under light conditions. Further in-depth studies
are needed to investigate the antioxidative defense mechanisms
in algae against BPA under different environmental conditions.

5. BPA removal and biodegradation by algae

In aquatic environments, BPA may undergo different attenua-
tion processes like photodegradation, chemical oxidation, adsorp-
tion on non-living and living surfaces, and bioaccumulation and
biodegradation by living organisms (Li et al., 2019). In aqueous
medium, BPAmay abiotically degrade with time as reported in sev-
eral studies (Ben Ouada et al., 2018b; Eio et al., 2015; Ji et al., 2014;
Li et al., 2009; Liu et al., 2010; Wang et al., 2017c). For example, in
bioremediation of BPA with marine alga Stephanodiscus hantzschii,
16–23.5% of the initial BPA (0.01–9 mg L�1) was degraded abioti-
cally after a period of 16 days (Li et al., 2009). Similarly, in a 5-
day removal test of BPA with green algae Graesiella and Picocystis,
Ben Ouada et al. (2018b) found that 13–19% of the initial 25–
75 mg L�1 BPA was removed abiotically from the medium without
algal involvement. In another phycoremediation study involving
microalgae Chlorella vulgaris and Chlamydomonas mexicana, 5.5–
15.5% abiotic removal of the initial 1–50 mg L�1 BPA was observed
after 10 days (Ji et al., 2014). The abiotic degradation of BPA in
water is mainly the result of photodegradation as concluded by
several studies (Eio et al., 2015; Ji et al., 2014; Li et al., 2009;
Wang et al., 2017c). When the abiotic control medium (medium
with BPA but without algae) having 10, 20 and 50 mg L�1 of BPA
was simultaneously placed in dark and light for 7 days, no signifi-
cant change in the concentration of BPA was observed in the dark
set of experiment but 11.0–18.8% decrease in the residual concen-
tration of BPA was shown under the light conditions (Eio et al.,
2015). However, Zhang et al. (2019) in a short-term study of
24 h did not detect any decrease in the residual concentrations
of BPA in the medium without algae, concluding that abiotic loss
due to photodegradation and volatilization was negligible at least
in 24 h. Similarly, no significant abiotic degradation of BPA in a
4-days experiments using 2–10 mg L�1 initial BPA was noticed
(Gattullo et al., 2012). Exceptions can be there (Gattullo et al.,
2012; Zhang et al., 2019) but generally abiotic degradation of
BPA in water occurs, though the rate of degradation vary.

Algae are capable of adsorbing, accumulating, transforming and
biodegrading BPA and were found to efficiently remove BPA from
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the medium in several laboratory based studies (Ben Ouada et al.,
2018b; Guo et al., 2017a; Ji et al., 2014; Wang et al., 2017a). BPA
removal from the aqueous medium by algae, particularly at low
initial concentrations of BPA, was always found much faster than
that by abiotic processes (Table 5). Depending upon the algal spe-
cies and level of BPA contamination, up to 99% of the initial BPA
can be removed from water by applying algae. For example, the
marine alga Stephanodiscus hantzschii removed 25.6–98.8% of the
initial 0.01 to 9 mg L�1 BPA from the medium after 16 days growth
(Li et al., 2009). Similarly, Ulva prolifera removed 94.3 and 98.5% of
the initial 100 lg L�1 BPA when grown under a 12:12 h (dark:light)
photoperiod and continuous light, respectively (Zhang et al., 2019).
Data extracted from literature and summarized in Table 5, reveal
that maximum efficiencies of different algae for BPA removal were
in the range of 35–98.8% and minimum efficiency in the range of
6–70% at the initial concentrations of BPA tested in the range of
100 lg L�1 to 75 mg L�1. This efficiency can vary greatly from spe-
cies to species of algae and is strongly influenced by the exogenous
BPA in the medium as discussed later in this section. Different
potentials of different algae for BPA accumulation and removal
can be attributed to variation in several physiological and struc-
tural factors of algae. The accumulation of hydrophobic com-
pounds like BPA by phytoplankton is influenced by factors like
growth rate, biomass, organism structure, cell size, and cell wall
structure etc. (Staniszewska et al., 2015). Algae may remove BPA
from the medium in different ways like by adsorbing it to the sur-
face layers, accumulating it inside, and biodegrading or transform-
ing it into other compounds (Ben Ouada et al., 2018b; Guo et al.,
2017a; Hirooka et al., 2005; Ji et al., 2014; Li et al., 2009; Zhang
et al., 2019).

Depending upon the algal species, varying proportions of the
applied BPA were observed to be removed from the medium by
getting adsorbed on algae surface. After 5 days growth in the med-
ium with 25 to 75 mg L�1 BPA, Graesiella and Picocystis removed 6–
12% and 5–12% of the initial BPA, respectively, by adsorption pro-
cesses (Ben Ouada et al., 2018b). However, Eio et al. (2015) found
that only a very small fraction of the applied BPA was removed
as surface adsorption by Chlorella sorokiniana. Since BPA is a
hydrophobic compound, its adsorption to algal surface can be
due to its hydrophobic binding to proteins on the algal cell wall
(Endo et al., 2007) or due to its physical trapping in the extracellu-
lar polymers (Kawaguti et al., 2006) as explained by Ben Ouada
et al. (2018b). This is further elaborated by Guo et al. (2017b)
who exposed Chlorella pyrenoidosa to 14-C labelled BPA and mon-
itored extractable and non-extractable BPA residue in cells for
10 days by measuring radioactivity levels. In the initial days of
exposure (after 2 days), the extractable BPA residues per dry
weight of cells was higher than the bound residues, but the bound
fraction of residues per dry weight rapidly increased after 4 days,
and after 10 days it was 2.6 times higher than the extractable resi-
due (Guo et al., 2017b). It suggests that BPA itself or its metabolites
can likely form bound residues in algae cells by strongly conjugat-
ing with structure macromolecules in cell like protein, pectin, cel-
lulose, and hemicellulose in the cell wall (Guo et al., 2017b; Wang
et al., 2016b).

Algae do not just adsorb BPA on cell surface, but also absorb and
bioaccumulate it inside the cell. Several studies reported that dif-
ferent species of algae like Chlamydomonas mexicana, Carteria
cerasiformis, Chlorella vulgaris, Chlorella pyrenoidosa, Cyanophora
paradoxa, Coelastrum reticulatum, Graesiella sp., Gonium pectorale,
Micractinium pusillum, Picocystis sp., Pseudokirchneriella subcapitata,
Stephanodiscus hantzschii, Scenedesmus quadricauda, Scenedesmus
acutus and Ulva prolifera, take in, accumulate and biodegrade BPA
(Ben Ouada et al., 2018a; Ben Ouada et al., 2018b; Guo et al.,
2017b; Ji et al., 2014; Li et al., 2009; Nakajima et al., 2007; Zhang
et al., 2019). BPA can be considered among the highly bioaccumu-
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lated suspected endocrine disrupters in phytoplankton. For exam-
ple, among the investigated three compounds including BPA, 4-
tertoctylphenol and 4-nonylphenol in the Gulf of Gdansk (Southern
Baltic Sea), BPA was the most bioaccumulated compound in phyto-
plankton (Staniszewska et al., 2015). The detected concentrations
of BPA in phytoplankton were more than ten times higher than
4-tertoctylphenol and 4-nonylphenol (Staniszewska et al., 2015).
Transfer and biomagnification of BPA through algae in the food
chain has also been reported (Guo et al., 2017b). However, due to
its biodegradation by algae and release of the resulted products
back into the medium, usually smaller amount of BPA may be
found inside the algal cells (Nakajima et al., 2007). Upon five days
growth in medium with 25, 50 and 75 mg L�1 of initial BPA, Grae-
siella and Picocystis accumulated 4 and 2% of BPA, respectively in
their cells (Ben Ouada et al., 2018b). The internal cellular accumu-
lation of BPA in algae increases with increase in the exogenous
application of BPA up to certain extent. C. vulgaris and C. mexicana
accumulated significantly higher quantity of BPA at initial BPA con-
centration of 25 and 50mg L�1 as compared to at 1, 5 and 10mg L�1,
both after 5 and 10 days of growth (Ji et al., 2014). Similarly, com-
paratively very high bioaccumulation of BPA in S. hantzschii was
reported at initial higher doses of BPA than at initial lower doses
after 4, 8 and 16 days of growth, but the difference was more
prominent on day eight (Li et al., 2009). After eight days of growth
at initial 5, 7 and 9 mg L�1 of BPA, maximum cellular amounts of
BPA in S. hantzschii were 11.53, 35.30 and 45.44 ng BPA (mg fresh
weight)�1, respectively (Li et al., 2009). This high cellular accumu-
lation at external higher concentrations of BPA causes toxicity to
algae and decreases their BPA biodegradation and removal effi-
ciency as discussed later. Algae could accumulate BPA in higher
quantity and more rapidly during the early or middle periods of
growth than in the later stages of growth as observed in C. fusca,
C. mexicana and S. hantzschii (Hirooka et al., 2005; Ji et al., 2014;
Li et al., 2009).

The active uptake and bioaccumulation of BPA was confirmed
by Guo et al. (2017b) in C. pyrenoidosa using 14-C labelled radioac-
tive BPA. In a 10 days experiment, the radioactivity in the medium
decreased while that in the Chlorella pyrenoidosa cells increased
with time and at the end of experiment 15% of the initial radioac-
tivity was detected in the algal cells. The 14-C labelled BPA study
also showed that BPA accumulation (as shown by accumulated
radioactivity) in cells reached to the maximum level after two days
(1362 ng (g dry algal cells)�1) and a sharp decrease was observed
by day 4 (Guo et al., 2017b), which further confirm higher accumu-
lation of BPA by algae in the early growth phases. Similarly, the
intake of BPA in Ulva prolifera was confirmed by using fluorescent
BPA and laser confocal scanning microscopy (LCSM), a real-time
tool for in situ observation of organic pollutant in the cell (Zhang
et al., 2019). Further investigation of the removal of BPA by U. pro-
lifera using living and dead (head-killed) algal biomass revealed
that BPA fluorescence could be seen only in live U. prolifera and
not in dead mass, which interpreted active uptake and accumula-
tion of BPA by U. prolifera (Zhang et al., 2019). It can be concluded
that algae accumulate BPA in their cells, however, different algae
may accumulate BPA to different levels as revealed by the growth
of eight different algal species in 2 mg L�1 of BPA for eight days
(Nakajima et al., 2007). Cyanophora paradoxa, Pseudokirchneriella
subcapitata subcapitata, Carteria cerasiformis, Scenedesmus quadri-
cauda, Micractinium pusillum, Coelastrum reticulatum, Gonium pec-
torale, and Scenedesmus acutus accumulated 3, 2, 2, 1, 1, 1, 1 and
0.5 lg BPA (mg dry weight)�1, respectively (Nakajima et al., 2007).

Bioconcentration factor (BCF) is an index of the accumulation of
chemical substances by living organisms and is calculated as a
ratio of the concentration of a substance detected in the organism
to its concentration in the surrounding medium. A higher BCF
value indicates the higher bioaccumulation capacity of an organ-
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ism and higher bioaccumulation tendency of the chemical. Based
on BCF values for a specific pollutant, plants are generally catego-
rized in to three groups: (1) excluders – plants with BCF values
below 1, (2) accumulators – plants with BCF values of 1 to 1000
and (3) hyperaccumulators – plants with BCF values higher than
1000 (Islam et al., 2013; Rascio and Navari-Izzo, 2011). BCF values
of BPA calculated for some algal species like Chlamydomonas mex-
icana, Chlorella vulgaris, Chlorella pyrenoidosa, Picocystis sp., Grae-
siella sp., Nacula incerta and Stephanodiscus hantzschii are shown
in Table 5. Reported BCF values for algae are mostly below 100,
with the exception of N. incerta and S. hantzschiiwhere the BCF val-
ues reached to a maximum of 261 and 457, respectively (Table 5).
BCF values of algae for BPA are strongly influenced by the initial
concentrations of BPA. For example, 10- days BCF values of BPA
obtained for C. mexicana and C. vulgaris at 1 mg L�1 initial BPA were
23.3 and 29.6 which dropped to 2.1 and 1.4 at 50 mg L�1 initial
BPA, respectively (Ji et al., 2014). Very prominent changes in BCF
values with changes in BPA dose and exposure time were observed
for S. hantzschii when calculated after 4, 8, 12 and 16 days growth
in 0.01 to 9 mg L�1 of BPA (Li et al., 2009). Significantly higher BCF
values were observed at lower concentrations of BPA (0.01 and
0.10 mg L�1) than at higher concentrations. At 0.01 mg L�1 BPA,
the BCF reached the maximum value of 457.75 on day eight. At
the next higher BPA concentration (0.10 mg L�1), the BCF value
was 322.85 on day 16, while the highest BCF at 1 mg L�1 BPA
was 21.79 on day 12. At 3, 5, 7 and 9 mg L�1 BPA, the maximum
BCF values were 5.59, 3.40, 6.39 and 6.25, respectively (Li et al.,
2009). Since reported BCF values of BPA for all studied algae
(Table 5) are above 1 but below 1000, algae can be regarded as
accumulator of BPA as per classification given above. However, it
is important to be mentioned that BCF value in the case of
biodegradable substances like BPA may not give very accurate
information on the removal potential of an organism. If the sub-
stance is degraded after intake, a lower concentration of the sub-
stance will be detected in the organism that would result in a
lower BCF value. Similarly, a decrease in the concentration of the
substance in the medium due to degradation by different factors
will also affect BCF value in another way. Therefore, BCF value
are mostly used for the purpose of interpreting bioaccumulation
potential only.

The reduction in the amount of BPA in the culture medium (%
removal) in the presence of algae was always found significantly
and much higher than the quantity of BPA adsorbed and bioaccu-
mulated by algal cells (Ben Ouada et al., 2018b; Eio et al., 2015;
Gulnaz and Dincer, 2009; Hirooka et al., 2005; Ji et al., 2014; Li
et al., 2009; Liu et al., 2010; Zhang et al., 2019). This led to a unan-
imous conclusion that algae not only take in BPA but actively
biodegrade it, and biodegradation is the main process of BPA
removal by algae. For example, Chlorella sorokiniana removed
38.5, 30.7, and 20.7% of the initial BPA concentration of 10, 20,
and 50 mg L�1, but the BPA accumulated and adsorbed by algal
cells was collectively less than 1% (Eio et al., 2015). Similarly, Pico-
cystis and Graesiella accumulated 2 and 4% but removed 40–72%
and 27–52%, respectively, of the initial 25 to 75 mg L�1 BPA (Ben
Ouada et al., 2018b). N. incerta at initial BPA concentrations of
0.001, 0.01 and 0.1 mg L�1, accumulated only around 0.5% of BPA
but biodegraded 30.62–37.78% of the initial same doses (Liu
et al., 2010). The mass balance study by Zhang et al. (2019)
revealed that Ulva prolifera removed 94.3% of the initial 100 lg L�1

BPA but only 37.6% of the total amount of BPA was obtained from
the algae biomass. This low BPA recovery from the algal cell as
compared to the high removal efficiency indicates that the
absorbed BPA was subsequently metabolized and degraded in the
algae (Zhang et al., 2019). Apart from some photodegradation, algal
surface adsorption and bioaccumulation, the main process that can
be accounted for rapid and efficient removal of BPA by algae is
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biodegradation (Ben Ouada et al., 2018b; Eio et al., 2015; Li et al.,
2009; Liu et al., 2010; Zhang et al., 2019). Algae absorb BPA in its
original form, biodegrade it by metabolic process and the biodegra-
dation products are released back into the medium (Nakajima
et al., 2007; Wang et al., 2017a). Some studies suggest that algae
may also facilitate degradation of BPA by synthesis of extracellular
enzymes contributing to the breakdown of BPA or by the produc-
tion of some active oxygenic species which could induce the pho-
todegradation of BPA (Otto et al., 2015; Peng et al., 2006).
Degradation of BPA by algal species like C. vulgaris, C. fusca and C.
sorokiniana significantly reduced its endocrine disrupting activity
(Eio et al., 2015; Gulnaz and Dincer, 2009; Hirooka et al., 2005).
Algae potential for BPA removal in laboratory-based studies was
confirmed in natural field-based experiment in coastal water near
Rushan city in China (Zhang et al., 2019). Water samples from sites
in sea with green tide bloom of U. prolifera and adjacent site with-
out green bloom were collected and analyzed for BPA concentra-
tion. The mean concentration of BPA in zone without green tide
was 884.86 ng L�1 which was much higher than the BPA concen-
tration of 62.38 ng L�1 found in the green tide blooming zone.
These findings proved the role of algae like U. prolifera in removing
BPA from contaminated coastal waters (Zhang et al., 2019).

BPA removal and biodegradation efficiency of algae is generally
decreased with increasing BPA concentration above a certain limit
as reported for several algae like Stephanodiscus hantzschii, Des-
modesmus sp., Nacula incerta, Chlamydomonas mexicana, Chlorella
vulgaris, Chlorella fusca, Picocystis sp., Graesiella sp. and Chlorella.
sorokiniana (Ben Ouada et al., 2018b; Eio et al., 2015; Hirooka
et al., 2005; Ji et al., 2014; Li et al., 2009; Liu et al., 2010; Wang
et al., 2017c). A decrease in the % removal efficiency of BPA by S.
hantzschiiwith the increase in initial BPA concentration was shown
and at the end of 16-days experiment with initial BPA concentra-
tions of 0.01, 0.1, 1, 3, 5, 7 and 9 mg L�1, removal rates were
88.3%, 98.8%, 91.9%, 61.2%, 48%, 28.1%, and 25.6%, respectively (Li
et al., 2009). C. fusca in seven days growth removed more than
95% of BPA at the initial concentrations between 10 and 80 lM,
but removal efficiency dropped to 70% when BPA concentration
was increased to 160 lM (Hirooka et al., 2005). After ten days
growth at initial BPA concentrations of 1, 3, 5.5 and 13.5 mg L�1,
BPA removal efficiency of Desmodesmus was 57%, 25%, 18% and
26%, respectively, indicating a decrease in removal rate with
increase in BPA concentration (Wang et al., 2017c). C. mexicana
and C. vulgaris, respectively, in ten days growth biodegraded 24
and 23% of the 1 mg L�1 initial BPA but degradation capacity
dropped to 6.2 and 5.2% at 10 mg L�1 and to 0.7 and 3.7% at BPA
concentrations of 25 mg L�1 or above (Ji et al., 2014). However,
at initial concentrations ranging below 1 mg L�1, BPA removal by
algae may increase with increasing BPA concentration as reported
in U. prolifera (Zhang et al., 2019). At initial BPA doses of 50, 100,
200, 500 and 1000 lg L�1, the 5-days removal efficiency of U. pro-
lifera increased with increase in BPA concentration and reached
from 94.30% at 50 lg L�1 to 99.81% at 1000 lg L�1 (Zhang et al.,
2019), and a positive correlation between initial concentration of
BPA and removal rate was observed. Similarly, an increase in initial
BPA from 0.01 mg L�1 to 0.1 mg L�1 increased the removal effi-
ciency of S. hantzschii from 88.3% to 98.8% but a further increase
in concentration to 1 mg L�1 dropped removal efficiency to 91.9%
but it was still higher than that at 0.01 mg L�1 (Li et al., 2009).
The observed decrease in BPA removal efficiency of algae with
increase in BPA concentrations beyond a certain limit was attribu-
ted to high accumulation of BPA inside algae and subsequent tox-
icity and growth inhibition (Ben Ouada et al., 2018b; Ji et al., 2014;
Li et al., 2009). At high concentration of BPA, increased accumula-
tion of BPA inside the algal cells causes cellular toxicity that
impairs physiological and biochemical processes of the cell and
hence decreases their biodegradation efficiency, while at low con-



Table 6
Intermediate products of BPA degradation caused by different species of algae.

Algal species BPA initial
concentration
(mg L�1)

Exposure
duration
(days)

Analytical techniques Detected intermediates Reference

P. subcapitata 10 10 HPLC, FAB-MS, 1H NMR BPA-mono-O-bD-glucopyranoside (Nakajima et al., 2007)

S. acutus 10 10 HPLC, FAB-MS, 1H NMR BPA-mono-O-bD-glucopyranoside (Nakajima et al., 2007)

C. reticulatum 10 10 HPLC, FAB-MS, 1H NMR BPA-mono-O-bD-glucopyranoside (Nakajima et al., 2007)

S. quadricauda 10 10 HPLC, FAB-MS, 1H NMR BPA-mono-O-bD-galactopyranoside (Nakajima et al., 2007)

C. fusca 2.283–36.53
(10–160 lM)

7 HPLC, LC-MS monohydroxybisphenol A (Hirooka et al., 2005)

Desmodesmus
sp.WR1

1–13.5 10 HPLC, LC-HRMS Monohydroxy-BPA; 2-hydroxy-3-hydroxymethy-BPA; BPA
glycoside; Monohydroxy-BPA glycoside; 2-hydroxy-3-
hydroxymethy-BPA glycoside; 4-isopropenyl-phenol; 4-
isopropanol-phenol; 4-isopropenyl-benzene-1,2-diol; 4-
isopropanol-benzene-1,2-diol; 3-hydroxymethyl-4-(1-
hydroxy1-methyl-ethyl)-benzene-1,2-diol

(Wang et al., 2017c)

C. vulgaris 20 9 GC and GC–MS 4-(1-hydroxy-2-methylprop-1-enyl) phenol (Gulnaz and Dincer, 2009)
C. sorokiniana

+ bacteria
10, 20, 50 7 HPLC, GC–MS 2,2-bis(4-hydroxyphenyl)-1-propanol; 1,2-bis(4-

hydroxyphenyl)-2-propanol; 2,2-bis(4-hydroxyphenyl)
propanoic acid; p-hydroxybenzoylmethanol; p-
hydroxybenzaldehyde; p-hydroxyacetophenone; p-
hydroxybenzoic acid; p-hydroquinone; hydroxy-BPA

(Eio et al., 2015)
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centrations of BPA, algae can grow well and rapidly degrade the
accumulated BPA (Ji et al., 2014; Li et al., 2009).

Though many studies investigated the removal and remediation
of BPA by algae, comparatively few studies went in to the detail of
determining intermediate products and degradation pathways (Eio
et al., 2015; Gulnaz and Dincer, 2009; Hirooka et al., 2005;
Nakajima et al., 2007; Wang et al., 2017c). The algal-
biodegradation intermediate products of BPA are generally
reported to be monohydroxy-BPA and BPA-glycosides formed as
a result of hydroxylation and glycosylation as reported in early
studies (Hirooka et al., 2005; Nakajima et al., 2007). However,
BPA degradation mechanisms and consequent intermediate prod-
ucts may vary considerably among algal species (Li et al., 2009).
A recent study revealed that BPA degradation and transformation
by some algae may involve hydroxylation, one carbon unit trans-
ference, oxidative cleavage of carbon–carbon bond and glycosyla-
tion as revealed in Desmodesmus sp.WR1 (Wang et al., 2017c).
BPA degradation by this alga gave around ten different intermedi-
ates as obtained from the analyses by HPLC and LC-HRMS (Table 6).
Monohydroxy-BPA and 2-hydroxy-3-hydroxymethy-BPA were
formed from BPA by hydroxylation and one carbon unit transfer-
ence, respectively (Wang et al., 2017c). The BPA itself and the
two metabolites (monohydroxy-BPA and 2-hydroxy-3-
hydroxymethy-BPA) were further converted into BPA glycoside,
monohydroxy-BPA glycoside and 2-hydroxy-3-hydroxymethy-
BPA glycoside by glycosylation; and 4-isopropenyl-phenol, 4-
isopropanol-phenol, 4-isopropenyl-benzene-1,2-diol, 4-
isopropanol-benzene-1,2-diol, and 3-hydroxymethyl-4-(1-hydrox
y1-methyl-ethyl)-benzene-1,2-diol by the oxidative cleavage of
carbon–carbon bond (Wang et al., 2017c). This study, in addition
to monohydroxy-BPA and BPA-glycoside intermediates of BPA
degradation by algae reported in earlier studies, for the first time
reported 2-hydroxy-3-hydroxy methyBPA; monohydroxy-BPA gly-
coside and 2-hydroxy-3-hydroxymethyBPA glycoside as well as
different monophenols of BPA and its derivative as intermediates
of BPA degradation by algae (Wang et al., 2017c). BPA degradation
pathways may not be similar in all algae and vary from species to
species. For example, Hirooka et al. (2005) in Chlorella fusca and
Nakajima et al. (2007) in eight different species of freshwater
microalgae did to not observe the oxidative cleavage of BPA, but
this pathway probably operates in Desmodesmus sp.WR1 (Wang
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et al., 2017c). In a test of BPA removal by algae (C. sorokiniana)
alone and by an algal-bacterial system, Eio et al. (2015) reported
that the alga removed BPA from the medium, but degradation
products could not be confirmed, while a total of nine degradation
intermediates were reported for degradation by the algal-bacterial
system (Table 6).
6. Molecular responses of algae to BPA exposure

BPA adversely affects diverse morphological, physiological and
biochemical processes in algae, while algae biodegrade BPA. BPA
may trigger a cascade of cellular responses in algae involving the
expression of different genes and their products related to the
affected processes and defense mechanisms of algae as wells as
related to BPA biodegradation pathways of algae. To understand
the underlying mechanism of algae-BPA interaction, studies on
molecular level are important. In ecotoxicological studies, expres-
sions of heat shock proteins (Hsps) and their genes have been
the most commonly studied molecular biomarkers (Al-Whaibi,
2011; Jacob et al., 2017; Kim et al., 2014; Kobayashi et al., 2014;
Neumann et al., 1994; Sathasivam and Ki, 2019). Hsps is a group
of highly conserved and ubiquitously expressed molecular chaper-
ones divided into five major families, including Hsp100, Hsp90,
Hsp70, Hsp60 and small Hsp (Al-Whaibi, 2011). In addition to
other functions in the cell, Hsps play important role in defense
mechanisms against different environmental stresses like temper-
ature, UV radiations, toxic metals, O2 stress, endocrine disrupting
chemicals (EDCs) and many others (Jacob et al., 2017).

The responses of three families of Hsps including Hsp90, Hsp70
and Hsp20 (small Hsp) to BPA have been studied in the dinoflagel-
late Prorocentrum minimum and diatom Ditylum brightwellii (Guo
et al., 2012; Guo and Ki, 2012; Lee et al., 2014). Hsp20 expression
in D. brightwellii and Hsp90 in P. minimum studied in response to
48 exposure to a wide range of BPA (0.01–10 mg L�1) showed no
significant changes in their expression levels in the respective algal
species (Guo and Ki, 2012; Lee et al., 2014). The expression levels of
Hsp20 and Hsp90 in the mentioned algae was also not affected by
another related endocrine disrupter (PCB) (Guo and Ki, 2012; Lee
et al., 2014). However, the expression of Hsp70 monitored in P.
minimum in response to 0.01 to 10 mg L�1 BPA gradually increased
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with increase in BPA concentrations with a significant enhance-
ment in expression level at 2.5 mg L�1 or above of BPA. At 10mg L�1

of BPA, the expression level of Hsp70 was the highest and 1.7-fold
higher than the untreated control (Guo et al., 2012). Findings of
these studies (Guo et al., 2012; Guo and Ki, 2012; Lee et al.,
2014) suggest that members of Hsp20 and Hsp90 may have a very
non-significant or no involvement in instant responses of the stud-
ied algae to BPA, though the same families of Hsps responded well
to heat and copper (Cu) stresses in the same algal species. How-
ever, members of the Hsp70 family have a role in the algal
response to BPA-induced toxicity, at least in the studied species.
Furthermore, the maximum expression response of Hsp70 in P.
minimum to BPA was observed at 12 h and thereafter a decrease
in the expression level was shown suggesting that Hsp70 expres-
sion was more sensitive to BPA at initial stages of exposure (Guo
et al., 2012). The responses of different families of Hsps to environ-
mental stresses in different organisms and in the same organism to
different stresses may differ as can be concluded from the
responses of different Hsp families to different stresses in different
algae (Guo et al., 2012; Guo and Ki, 2012; Lee et al., 2014).

Algae exposure to BPA have generally shown some stimulatory
effects at lower doses but inhibitory effects at high doses of BPA,
suggesting some hermetic effects. Duan et al. (2019) attempted
to elucidate the mechanism of this hermetic effect of BPA in C.
pyrenoidosa upon exposure to 0.1 mg L�1 (stimulatory concentra-
tion) and 10 mg L�1 (inhibitory concentration) of BPA for 72 h
using transcriptomic approaches. Exposure to low (0.1 mg L�1)
BPA caused 216 genes to be upregulated, and 142 genes to be
downregulated. The high dose of BPA (10 mg L�1) resulted in
upregulation of 3133 and downregulation of 12,142 genes (Duan
et al., 2019). Gene oncology (GO) enrichment analysis of differen-
tially expressed genes (DEGs) revealed that no downregulated
GO term was significantly enriched at low concentration of BPA,
but certain upregulated genes related to cellular transport and cel-
lular respiration were significantly enriched (Duan et al., 2019). For
example, DEGs including ATPF1B, COX1, COX3, and ndhB involved
in oxidative phosphorylation were upregulated by low doses of
BPA (Duan et al., 2019). ATPF1B encodes ATP synthase subunit beta
which regulates the rate of ATP synthesis and is essential for mito-
chondrial cellular oxidative phosphorylation (Zuo et al., 2017). Sev-
eral other genes involved in energy releasing processes like
glycolysis, tricarboxylic acid cycle, and oxidative phosphorylation
were upregulated at low BPA (Duan et al., 2019). The upregulation
of such genes indicates the increase in the synthesis of cellular ATP,
that in turn activates different regulators of cell cycle and pro-
motes cell proliferation and division. Furthermore, at low BPA
doses the enrichment in GO term of DEGs related to nucleotide
transport and cellular transport shows that cells accelerate energy
production and materials transport for cell growth (Duan et al.,
2019) that can be possible reason for increase in growth and other
functions of algae at low concentrations of BPA as observed in
many studies and can possibly be a strategy of algae to overcome
BPA stress.

At high concentration of BPA, many differentially expressed
genes in Chlorella pyrenoidosa related to different cellular meta-
bolic processes were downregulated and significantly enriched in
GO term. Several genes associated with the process of glycolysis
and TCA cycles were downregulated (Duan et al., 2019). BPA also
inhibited the expression of around 45 genes related to respiration
in the cyanobacterium Cylindrospermopsis raciborskii (Xiang et al.,
2018b). The gltA encoding citrate synthase and IDH1, IDH2, and
IDH3 encoding isocitrate dehydrogenase, were downregulated by
high BPA in C. pyrenoidosa (Duan et al., 2019). Downregulation of
isocitrate dehydrogenase and alpha-ketoglutarate dehydrogenase
by BPA was also observed in C. raciborskii (Xiang et al., 2018b).
Citrate synthase has a key role in controlling metabolism speed
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and rate of turnover of the TCA cycle (Walsh and Koshland,
1985), while isocitrate dehydrogenase catalyze the oxidative
decarboxylation of isocitric acid producing ketoglutarate in TCA
(Al-Khallaf, 2017; Lv et al., 2018) which is further processed by
a-ketoglutarate dehydrogenase (Xiang et al., 2018b). A downregu-
lation of these genes means a disturbance or inhibition of TCA, a
complex metabolic pathway of amino acids, carbohydrates and
lipids (Halarnkar and Blomquist, 1989; Sweetlove et al., 2010).
The downregulation of photosynthesis gene PsbA at high concen-
tration of BPA in C. pyrenoidosa (Duan et al., 2019) can be the evi-
dent reason of photosynthesis inhibition in algae by BPA as
reported in several studies (Table 3). A total of 50 genes related
to photosynthesis, light-harvesting pigments and reactions center
including the most common psbA, psbB, psbC, psbD, apcA, apcB,
cpcA, and cpcB related to photosynthesis and hemN, acsF, chlL,
chlN, chlP, crtB, pds related to chlorophyll and carotenoids synthe-
sis, were all downregulated in the cyanobacterium C. raciborskii
upon 96 h growth in BPA (Xiang et al., 2018b). The upregulation
and downregulation of relative mRNA expression levels of impor-
tant genes like those encoding ATP synthase, NADH dehydrogenase
and D1 proteins of PSII (PsbA) after exposure to low and high dose
of BPA, respectively, were confirmed by RT-qPCR in C. pyrenoidosa
(Duan et al., 2019). In addition to genes involved in photosynthesis
and respiration cited here, downregulations of several genes
related to many other important processes in cells were caused
by BPA (Duan et al., 2019; Xiang et al., 2018b) which may explain
the adversity of BPA to different cellular processes and metabolic
pathways and consequent cell growth.

A transcriptomic study in the green alga Desmodesmus sp.WR1
shed light on the molecular mechanism of BPA degradation by
algae. Exposure to 13.5 mg L�1 of BPA for 2–5 days caused differen-
tial expression of many genes in this alga (Wang et al., 2017c).
Identification of DEGs followed by GO enrichment analysis
revealed that BPA caused upregulation of 2516 DEGs and downreg-
ulation of 4846 after 2 days while upregulation of 2556 DEGs and
downregulation of 5662 DEGs after 5 days exposure. Further anal-
ysis of GO molecular functions (GOMF) of upregulated DEGs
encoding proteins showed significant enrichment of upregulated
DEGs involved in glucosyltransferase, UDP-glucosyltransferase,
UDP-glycosyltransferase and oxidoreductases activities (Wang
et al., 2017c). The relative mRNA expression of genes determined
by RT-qPCR further confirmed that the glycosyltransferase gene
(Unigene0000428) and oxidoreductase gene (Unigene0003885)
were significantly upregulated in Desmodesmus sp.WR1 by BPA
(Wang et al., 2017c). Since oxidoreductase enzymes are involved
in the oxidative degradation of phenolic compounds (Fregapane
and Salvador, 2013; Taticchi et al., 2013), overexpression of oxi-
doreductases encoding genes in Desmodesmus sp.WR1 validates
BPA degradation via oxidative processes by this alga (Wang et al.,
2017c) as discussed above. UDP-glycosyltransferase catalyzes gly-
cosylation of phenolic compounds by transferring UDP-activated
sugar moieties to small molecules like flavonoids, antibiotics and
phenolics, as the sugar acceptors (Hyung Ko et al., 2006), which
can be responsible for the production of BPA glycosides in alga
(Wang et al., 2017c). These findings demonstrated that genes
involved in cleavage, oxidative hydroxylation and glycosylation
of BPA are upregulated in Desmodesmus sp.WR1 upon exposure
to BPA that explain BPA degradation through different routes
(Wang et al., 2017c).
7. Effect of environmental factors on algae-BPA interactions

Different environmental factors like light, temperature, nutri-
ents and organic matter in water may influence the interactions
between algae and BPA (Staniszewska et al., 2015; Wang et al.,
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2017a; Zhang et al., 2019). The interactions of BPA and a green alga
(Chlorella vulgaris) studied under light and dark conditions, in a 10-
day experiment using 2–50 mg L�1 initial concentrations of BPA,
revealed clear differences between the two conditions in the toxi-
city of BPA to the alga as well as in the removal of BPA by the alga
(Wang et al., 2017a). Under the light conditions, this alga tolerated
BPA up to 20 mg L�1 and thereafter a toxicity was shown as deter-
mined by cell growth, while under the dark condition the alga
could tolerated BPA up to 10 mg L�1 and thereafter sever growth
inhibition was caused. Supplying light energy seems to increase
the tolerance, probably, by providing energy and resources to cope
with the stressors. Furthermore, under the light condition stimula-
tory effects while under the dark inhibitory effects of BPA were
more prominent (Wang et al., 2017a). Under light conditions, algae
also showed higher rate of BPA degradation than in dark (Hirooka
et al., 2003; Hirooka et al., 2005; Wang et al., 2017a; Zhang et al.,
2019). For example, at an initial concentration of 50 mg L�1, C. vul-
garis removed 15.79 mg L�1 of BPA which was 50% higher than that
removed under the dark conditions (7.30 mg L�1) (Wang et al.,
2017a). The maximum BPA removal rate by C. vulgaris was
3.425 mg (L�d)�1 under light conditions which was much higher
than 1.53 mg (L�d)�1 under the dark (Wang et al., 2017a). Similarly,
Chlorella fusca removed 85% of the initial 40 lM BPA in 120 h when
grown under light conditions but removed only 22% of the same
dose of initial BPA when grown under dark conditions (Hirooka
et al., 2003). In a 24 h experiment, Ulva prolifera was applied to
remove BPA under different photoperiods including continuous
light, 12:12 h (dark: light) photoperiod and complete darkness.
The removal efficiency under complete darkness (41.8%) was found
much lower than that under continuous light (98.5%) or 12:12 h
photoperiod (94.3%) (Zhang et al., 2019). But the difference in the
BPA removal efficiency between cultures of U. prolifera grown
under continuous light and 12:12 h photoperiod was not signifi-
cantly different (Zhang et al., 2019). Similarly, Hirooka et al.
(2005) observed that BPA removal by C. fusca under continuous
light and under 8:16 h light:dark photoperiod was not very differ-
ent. It reflects that the removal of BPA by algae may not be signif-
icantly influenced by the length of the illumination period (Zhang
et al., 2019). However, the complete darkness significantly reduces
algal potential for BPA removal. Beside light period, irradiance
intensity can also influence BPA degradation efficiency of algae
as evident from BPA removal by C. fusca under different intensities
of light including 2, 9, 18 and 36 W m�2 (Hirooka et al., 2005). A
regular decrease in BPA removal was shown with the decrease in
the light intensity so that the BPA removal was 98% at 36 W m�2

and dropped to 82% at 2 W m�2 and further decreased to 27% in
the complete dark (Hirooka et al., 2005). Light deficiency could
inhibit photosynthesis and hence may impair energy to other
metabolic processes that may subsequently led to a decrease in
BPA removal efficiency of algae. The inhibition or decrease in
growth rate of algae with decreasing light can be another possible
explanation for the decrease in BPA removal potential of algae
(Hirooka et al., 2005; Zhang et al., 2019).

Temperature is another important environmental factor that
can influence BPA and algae interactions. An increase in tempera-
ture from 10 �C to 30 �C significantly enhanced BPA removal by
Ulva prolifera (Zhang et al., 2019). The increase in BPA removal
was very prominent when the temperature changed from 10 to
20 �C but the increase was slight when it further increased from
20 to 30 �C. The removal constant (k = 0.088 h�1) calculated under
10 �C (lowest temperature) was almost 1.5 times smaller than that
(K = 0.129 h�1) obtained at 30 �C (highest temperature) (Zhang
et al., 2019). Like temperature, increase in the concentrations of
nutrients such as nitrates and phosphates significantly enhanced
BPA remediation capacity of U. prolifera when tested under three
gradients of nitrates and phosphates as 150 lΜ NO3

�/15 lΜ PO4
�2
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(high), 50 lΜ NO3
�/5 lΜ PO4

�2 (medium) and 0 lΜ NO3
�/0 lΜ

PO4
�2 (low). The alga removed 99.9%, 97.3% and 94.3% of the initial

BPA after 24 h growth in high, medium and low nutrients concen-
trations, respectively, and the removal rate (k value) dropped from
0.234 to 0.123 h�1 as the nutrient concentration decreased from
maximum to minimum (Zhang et al., 2019). It indicates that
enrichment of nitrogen and phosphate in eutrophic coastal zones
may significantly facilitate BPA removal by algae like U. prolifera.
In marine ecosystem, variation in salinity level can be a factor
influencing the interactions of pollutants with algae. However,
studies can hardly be found on the impact of fluctuations in salin-
ity level on BPA interactions with algae. Zhang et al. (2019)
attempted to assess the impact of changing salinity on BPA
removal by U. prolifera at three different salinity levels (16, 24,
and 32 g L�1). There was no significant change in the BPA removal
rate with the increase in salinity from 16 to 32 g L�1 (Zhang et al.,
2019). The no effect of salinity on BPA removal efficiency in U. pro-
lifera was attributed to the high tolerance of this alga to salinity
variations (Rybak, 2018).

In natural environment, a pollutant may affect aquatic organ-
isms not only by its individual toxicity but may also synergize or
antagonize the effect of other chemicals present in the environ-
ment. M’Rabet et al. (2018) studied the effect of BPA in combina-
tion with di-2-ethylhexyl phthalate (DEHP), another plastic
derived pollutant of aquatic environment, on the marine dinoflag-
ellate A. pacificum. Both the compounds were toxic to Alexandrium
pacificum when applied individually as revealed by the adverse
effects on growth rate, photosynthesis, respiration and light-
harvesting pigments, but more severe toxicities were observed
when BPA and DEHP were applied in combination, both at low
and high concentrations (M’Rabet et al., 2018). Similarly, a syner-
gistic effect was observed when BPA was tested in combination
with isobutylparaben (IBP) using sporulation in Ulva pertusa as
end point (Yang and Hong, 2012). Studies revealed that natural
organic matter (NOM) and sediments particles in water may
reduce BPA toxicity to algae (Chang et al., 2014; Gattullo et al.,
2012). NOM, mostly consisted of humic substances, is one of the
most abundant and reactive components of aquatic environments
(Gattullo et al., 2012) affecting the physicochemical characteristics
of aquatic ecosystems (Jackson and Hecky, 1980). NOM was
observed to interfere with the fate of different xenobiotics present
in the natural environments (Loffredo and Senesi, 2006; Pan et al.,
2008, 2009). Gattullo et al. (2012) studied the effect of NOM on the
interplay between BPA and algae using the green alga Monoraphid-
ium braunii as a test organism and different concentrations of BPA
(2, 4 and 10 mg L�1) and NOM (2, 5 and 20 mg L�1 of DOC). The cell
size and density, photosynthetic efficiency (Fv/Fm and UPSII) and
the content of chlorophyll a were used as endpoints for algal-
toxicity assessment, while residual BPA in the medium was moni-
tored to determine BPA removal efficiency of the alga. NOM
increased the algal growth and chlorophyll a content and protected
the alga from the adverse effect of low doses of BPA (up to
4 mg L�1), but no significant protective role was noticed against
higher concentrations of BPA (Gattullo et al., 2012). NOM did not
have any significant effect on the BPA removal efficiency of M.
braunii (Gattullo et al., 2012). In an interesting study, Chang et al.
(2014) monitored the effect of sediment particles of various sizes
(2–2000 lm) on the aerobic degradation of BPA and its toxicity
to the alga C. vulgaris. Upon exposure to sediment particles of
various sizes alone, the growth of the alga as measured by chloro-
phyll a content increased by 75–84% and particles of 500–2000 lm
size yielded the highest chlorophyll a content. An increase in the
size of particles increased the degradation of BPA and decreased
its toxicity to C. vulgaris (Chang et al., 2014).

In aquatic ecosystems, not just the presence of different chem-
icals but the interactions of different organisms at different or
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same trophic levels may also affect the ultimate toxicity of pollu-
tants to an organism. For example, a decrease in the toxicity of
BPA to algae (Chlorella sorokiniana) was observed when it was
exposed to BPA as a co-culture with bacteria in an algal-bacterial
system consisting of C. sorokiniana (alga) and BPA-degrading bacte-
ria (Eio et al., 2015). The alga was exposed to 10, 20 and 50 mg L�1

of BPA as monoculture as well as in algal-bacterial system and the
phycotoxicty (using algal growth rate and chlorophyll a) and
removal of BPA were monitored. BPA in a dose of 20 and 50 mg L�1

significantly inhibited the growth of alga in the monoculture, but
in the algal-bacterial system rather an increase in the algal growth
was observed at the same tested concentrations of BPA. The speci-
fic growth rate (SGR) of the alga when exposed to BPA alone
dropped from 0.8 to �1.1 day�1 with increase in BPA concentration
from 0 to 50 mg L�1. But the SGR of the alga in the algal-bacterial
system increased from 0.3 to 1 day�1 when BPA increased from 0
to 50 mg L�1 (Eio et al., 2015). Not only the adverse effect of BPA
on chlorophyll a was eliminated but a stimulation in pigment con-
centration was observed. At the end of 7-day experiment, the con-
centrations of chlorophyll a in C. sorokiniana when grown alone
reached 1.9, 1.2, and 0.24 mg L�1 at 10, 20, and 50 mg L�1 of
BPA, respectively, in comparison to 2.2 mg L�1 in the control
revealing a significant decrease in the pigment at 20 and 50 mg L�1

of BPA. But when the alga was exposed to same doses of BPA as a
co-culture with bacteria, chlorophyll a concentration was 1.8, 1.9,
and 2.2 mg L�1 at initial BPA concentration of 10, 20, and 50mg L�1,
respectively, in comparison to 1.3 in the control indicating a signif-
icant increase in the concentration of chlorophyll a (Eio et al.,
2015). The authors concluded that bacterial growth in the algal-
bacterial system reduced the concentration of BPA in the medium
by its rapid degradation and hence a decrease in its toxicity to alga.
For instant, in the algal-bacterial system BPA initial concentration
of 50 mg L�1 rapidly dropped to a residual concentration of
<27 mg L�1 after two days (Eio et al., 2015). The stimulation of algal
growth by BPA in the algal-bacterial system was suggested to be
possibly due the fact that bacteria released CO2 from BPA biodegra-
dation that was utilized by algae; however, this hypothesis was not
further investigated. Authors also did not explain the relatively low
SGR of alga (0.3 day�1) in the untreated algal-bacterial culture
(0 mg L�1 BPA) as compared to 0.8 day�1 in the untreated mono-
culture of alga. Similarly, there was a decrease in the pigment con-
centration of alga (control) when grown in combination with
bacteria. There was 2.2 mg L�1 chlorophyll a in C. sorokinianawhen
grown alone but it dropped to 1.3 mg L�1 when grown in combina-
tion with bacteria in the absence of BPA (Eio et al., 2015).

Furthermore, a combination of algae and bacteria degraded BPA
more efficiently than the bacteria or algae alone (Eio et al., 2015;
Zhang et al., 2019). In a seven days growth, the alga alone biode-
graded 38.5, 30.7, and 20.7 % of the 10, 20 and 50 mg L�1 initial
BPA, respectively, but BPA was almost completely removed (below
the detection limit) by the combination of algae and bacteria irre-
spective of the BPA initial dose (Eio et al., 2015). The BPA removal
rate in the algal-bacterial system was significantly higher than the
removal rate by the bacterial system alone (Eio et al., 2015; Eio
et al., 2014). An enhancement in the BPA-removal efficiency by
the presence of bacteria was also observed in Ulva prolifera
(Zhang et al., 2019). At initial dose of 100 lg L�1, U. prolifera
removed 94.3% of the BPA from the medium in 24 h when grown
alone as axenic culture in sterilized medium. But 100% removal
of the applied BPA was shown when U. prolifera was grown in
unsterilized medium, indicating that bacteria could enhance BPA
removal efficiency of U. prolifera (Zhang et al., 2019). In a subse-
quent experiment, BPA removal efficiency of bacteria alone was
only 22.59%, which confirmed that the BPA was mainly removed
by U. prolifera but it was enhanced by the presence of bacteria
20
(Zhang et al., 2019). It was suggested that alga in addition to degra-
dation of BPA by itself, provided O2 to BPA-degrading bacteria by
photosynthesis that enhanced their degradation efficiency (Eio
et al., 2015). This conclusion is supported by studies with biodegra-
dation of other organic contaminants by algal-bacterial system
reporting that O2 released by photosynthesis of algae enhanced
the degradation of organic pollutants by bacteria (Borde et al.,
2003; Muñoz et al., 2003). However, it is worth mentioning that
the role of algae in the algal-bacterial system was not only limited
to the oxygen supply but also had a significant active role in
removing and degrading BPA (Eio et al., 2015).
8. Conclusions

� Upon exposure of algae to BPA, an interplay between the two
occurs (Fig. 1). BPA causes a broad range of adverse effects in
algae by altering cell growth, cell morphology, chlorophyll con-
tents, photosynthesis and cellular membranes structures and
impairs the expression of several genes, particularly at high
concentrations.

� Sensitivity to BPA among different algae vary greatly as is evi-
dent from the reported EC50/IC50 and EC values for various
end points in different algae. Based on the EC and EC50/IC50 val-
ues reported for growth inhibition, dinoflagellates and diatoms
are more sensitive than green algae to BPA stress. This conclu-
sion drawn from the diversely collected data (Table 1) is further
supported by individual studies on the comparative sensitivities
of green algae, dinoflagellates and diatoms (Ebenezer and Ki,
2016) and green algae and diatoms (Alexander et al., 1988).
Ebenezer and Ki (2016) reported EC50 values of 15.55, 1.506
and 0.039 mg L�1 for growth inhibition by BPA in green algae
(Tetraselmis suecica), dinoflagellate (Prorocentrum minimum)
and diatom (Ditylum brightwellii), respectively. Similarly, in
the study of Alexander et al. (1988) the EC50 value of 2.73mg L�1

obtained for the green alga Selenastrum capricornutum was
higher than the EC50 of 1 mg L�1 for the diatom Skeletonema
costatum. The most sensitive response to BPA in term of cell
growth, chlorophyll a contents and photosynthesis among algae
is reported for a dinoflagellate (Alexandrium pacificum) where all
these parameters were significantly inhibited by a very low
dose (2 lg L�1) of BPA (M’Rabet et al., 2018).

� Differences in cell wall composition among different groups of
algae is suggested as a possible reason for distinctive sensitivi-
ties of different algae to BPA, but other structural and functional
dissimilarities may also add to this differential sensitivity. How-
ever, in-depth studies on the underlying mechanisms of inter-
species differences in sensitivity to BPA are lacking in
literature and need further research.

� Different parameters even in the same algae showed different
sensitivity to BPA stress. For example, in Picocystis a 75 mg L�1

of BPA inhibited photosynthesis by more than 80% but growth
was inhibited by less than 50% at the same concentration (Ben
Ouada et al., 2018b). On the other hand, photosynthesis in
Alexandrium pacificum was less sensitive than cell growth to
BPA stress (M’Rabet et al., 2018).

� Considering the reported EC50/IC50 values of BPA for algae
growth and following the criteria of the EU-Directive 93/67/
EEC (Commission, 1996) for classifying aquatic pollutants, BPA
can be classified as toxic and harmful to algae (having EC50 in
the range of 1–10 and 10–100 mg L�1). However, the reported
EC and EC50/IC50 values for all parameters of all algae (except
Alexandrium pacificum and Ditylum brightwellii) were found
much higher than the BPA concentrations reported in natural
waters and hence the possibility of BPA to cause a general tox-
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icity to algae in natural aquatic environments is extremely low.
However, the data for A. pacificum and D. brightwellii suggest
that at least some species of algae can be at risk of BPA toxicity
even at the presently reported concentrations of BPA in aquatic
environments.

� The adverse effects of BPA in algae can be through multiple
pathways. High concentrations of BPA repressed genes associ-
ated with different physiological and metabolic processes like
photosynthesis, TCA cycle, glycolysis/gluconeogenesis, fatty
acid metabolism, and mitochondrial electron transport (Duan
et al., 2019; Xiang et al., 2018b), which shows that its adverse
effects can be through impairing different processes in algae
and the net outcome may come in the form of growth
inhibition.

� One of the most possible causes of BPA toxicity in algae is the
oxidative stress as revealed by the outcomes of oxidative stress
markers like lipids peroxidation and expression of antioxidant
enzymes in different algae.

� At low concentrations, BPA caused some stimulatory effects in
algae. Low concentrations of BPA upregulated several genes
involved in energy releasing processes (glycolysis, tricarboxylic
acid cycle, and oxidative phosphorylation), cellular transport
and nucleotides transport in algae (Duan et al., 2019). The
upregulation of such genes indicates that algal cells accelerate
energy production and materials transport for cell growth that
can be a possible reason for increase in growth and other func-
tions of algae upon exposure to low concentrations of BPA, and
it might be a defense strategy of algae.

� Algae recovery from BPA toxicity with extending exposure time
has been reported, at least in some cases. This recovery can be
due to the depletion of BPA in the culture medium by pho-
todegradation or phycodegradation with time or probably algae
may get adapted to BPA stress with time or may produce some
exudates to restrict BPA interactions with the cell.
Fig. 2. A sketch of various research gaps identified that need further research work as e
areas where no or little research has been conducted and need further studies.
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� Algae remove BPA from water by adsorption, bioaccumulation
andbiodegradation, but themain route of removal is biodegrada-
tion. Monohydroxy-BPA and BPA-glycosides have been reported
as the most common intermediates in BPA degradation by algae.

� Algae generally remove BPA more efficiently at low doses of
BPA (lower than 1 mg L�1) and at environmental relevant con-
centrations BPA may almost completely be removed by algae.
But increase in the concentration of BPA greatly reduces the
biodegradation efficiency of algae. This reduction in removal
efficiency is attributed to high accumulation of BPA in algae
and consequent toxicity that impair algal growth and energy
metabolism and hence their BPA removal efficiency.

� Reported environmental concentrations of BPA in water and
wastewater are far lower than the tolerance limit of almost all
studied algae and hence algae can be applied in bioremediation
processes in natural water bodies and wastewater treatment
plants. However, algae have the potential to accumulate some
BPA that can be passed to higher trophic levels through organ-
isms feeding on algae.

� BPA removal efficiencies of algae were higher under light condi-
tions than in the dark. Other environmental factors like temper-
ature and nutrient supply also showed a positive correlation
with BPA removal efficiency of algae. Furthermore, BPA removal
by algae was more efficient during the early stages of algal
growth. A combination of algae and bacteria may remove BPA
more efficiently and reduce its toxicity to algae.

9. Future perspectives

In addition to several research gaps identified at different points
in this article, following gaps may need attention of scientists
working in this field to get a further insight in the interplay
between algae and BPA (Fig. 2).
xplained in the section future perspectives. The punctuation mark (?) indicates the
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i. BPA toxicity to algae has been studied fairly well, but infor-
mation on the underlying mechanisms and pathways are
almost lacking. Therefore, studies with a mechanistic
approach are needed in this regard.

ii. Many studies exist on the BPA removal efficiencies of algae,
but very few studies investigated the resultant intermedi-
ates and degradation pathways, which need further studies
to understand the mechanism of BPA removal by algae.

iii. Biodegradation of BPA by algae have mostly been investi-
gated in freshwater green algae, with almost negligible data
on algae from marine habitat and group other than green
algae.

iv. A very few studies are there on the interactions of BPA with
other aquatic pollutants toward toxicity in algae. In natural
environments, pollutants may not interact with biota indi-
vidually, but synergistic, additive or antagonistic interac-
tions can be expected. So studies evaluating toxicity of BPA
in combination with other common pollutants of aquatic
environments are suggested.

v. Very limited studies are available on the impact of different
environmental factors on algae-BPA interactions. Since natu-
ral aquatic environments have daily and seasonal fluctua-
tions in factors like temperature, light, pH, nutrients and
organic matter etc., more studies on the influence of these
environmental factors on the toxicity of BPA to algae and
on the removal of BPA by algae would not only help in
understanding the interactions of algae and BPA in natural
environments but would also be beneficial for application
of algae in wastewater treatments plants.

vi. Studies on the effect of BPA on light-harvesting pigments in
algae have mostly been confined to chlorophyll a. However,
different pigments may get affected by environmental stres-
ses differently due to their different chemical structures and
bonding strength in protein-pigments complexes. Therefore,
studies on the effect of BPA on light-harvesting pigments
other than chlorophyll a are also needed.

vii. Since BPA in natural aquatic environments is usually found
in low concentrations, the stimulatory effects in algae in
response to low concentration of BPA and its role in algal
bloom may need in-depth mechanistic studies. Studies on
assessing any possible use of BPA or its degradation products
as a carbon source by algae would give interesting findings.

viii. Work is needed to ascertain the role of algae in the fate of
BPA in aquatic food chain considering bioaccumulation and
biotransformation products of BPA produced by algae and
by the consumers feeding on these algae.
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